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Thesis summary 
Freshwater salinisation is an urgent ecological issue. Over the last two and a half decades 
there has been ongoing research into the effects of salinisation on freshwater 
macroinvertebrates, and yet salinity risk assessment protocols have not been recently 
reviewed or updated, taking current research into consideration. This thesis makes novel 
contributions to an understanding of the effects of salinity on freshwater macroinvertebrates 
at the individual, population and community level. These results provide a focus for the 
derivation of more accurately protective water quality guidelines for freshwater salinisation. 
This thesis sought to fill key knowledge gaps identified after a literature review into the 
effects of salinisation on freshwater macroinvetrebreates. Key knowledge gaps identified 
that: salinity sensitivity data is needed for more species so that species sensitivity 
distributions (SSDs) will derive more accurate and relevant protective concentration 
estimates; there is a lack of data on the effects of salinities of varying ionic compositions on 
freshwater macroinvertebrates; there is some, but relatively little attention paid to 
environmental realism, for example, the effects of temporally varying salinity in freshwater 
environments; and there is even less attention paid to the underlying physiological responses 
of salinity sensitive freshwater animals to salinity as a stressor. This thesis examined each of 
these knowledge gaps. 
Data choice using the SSD method for salinity risk assessment was investigated, as was what 
happens when rules for data inclusion are relaxed so that SSDs can be more reflective of real 
communities. Currently there is a paucity of salinity sensitivity data conventionally regarded 
as high quality, and as such the derivation of water quality guidelines from the small datasets 
of available data, result in datasets that do not reflect the structure of a natural community. 
Furthermore, as dataset size decreases there is a corresponding decrease in community 
representativeness. From this investigation, the use of right censored data in salinity risk 
assessment is recommended because ecological harm can-not arise from the use of such data. 
This thesis confirms differential toxicity between the representative salts; synthetic marine 
salt, calcium chloride and sodium chloride, and contributes empirical data on the relative 
toxicity of these salt compounds, including selected chronic and sub-lethal data. Synthetic 
marine salt is most commonly used in salinity sensitivity testing in Australia, and is the least 
toxic of the three salts tested. This means that, guidelines based on the sea salt mixtures may 
2 
 
be under protective, when ionic proportions are different from that in sea water. Additionally, 
there was disparity between the ranking of toxicities found for the salts tested here and others 
reported in literature. This disparity supports the value of undertaking whole effluent toxicity 
tests for the salinity risk assessment of saline wastewaters.  
 
Early novel work, indicating a new consideration in „environmental realism‟ for salinity 
ecotoxicological research was undertaken, comparing species responses (mortality and 
osmoregulation) under different salinity scenarios, and monitoring of responses on return to 
ambient waters. This investigation shows that the freshwater shrimp Paratya australiensis are 
better able to acclimate to a gradual increase in high salinities, but that the mayfly nymph 
Austrophlebiodies pusillus are affected by high salinity, even when salt is gradually 
introduced into the system. In addition, after return to ambient waters P. australiensis 
incurred further mortality. Such latent effects are not currently considered in salinity risk 
assessment, and are not incorporated into current water quality guideline derivation protocols. 
This means that current acute studies may underestimate the effect of salinity. 
 
Environmental realism was also investigated by exposing P. australiensis and mayfly 
nymphs Atalophlebia spp. to treated whole effluent from a wastewater treatment plant. The 
ability of a representative salt to approximate the effects of the whole effluent was tested. In 
this case, the representative salt underestimated toxicity from the waste water treatment plant 
effluent. This study adds support to the recommendation of site specific and whole effluent 
toxicity testing for salinity risk assessment. 
Through an investigation into the mechanistic links between salinity, osmoregulation and 
effects on individual organisms (in this case, P. australiensis and A. pusillus), this thesis 
shows evidence that our mechanistic understanding of salt toxicity, that is our understanding 
of the physiology of osmoregulation, is limited. The most important finding in this 
investigation, shows that A.pusillus were able to osmoregulate in salinities that were 
associated with near complete population mortality. There was no evidence that salinity 
induced mortality in A. pusillus nymphs was related to a breakdown in osmoregulatory 
capacity. Furthermore, the mortality was happening where the osmolality of the external 
water was well below that of the haemolymph (256 mmol/kg ±SE 3.12, n=3 vs. 401 mmol/kg 
±SE 4.18, n=3, respectively). This is a novel finding; substantial salinity induced mortality, 
well below the iso-osmotic point, has not been observed in any other species. This research 
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challenges the extent of current understanding of the relationship between osmoregulation 
and mortality. 
This thesis makes novel and substantive contributions: through the consolidation of 
knowledge on species sensitivity distributions; by confirmation and the addition of examples 
of differential ion and salt toxicity, and by contribution of empirical data on chronic 
exposures and sub-lethal exposures; to the understanding of temporally varying salinity 
exposures and latent toxicity. This thesis also provides novel insights into osmoregulation, 
which is the fundament mechanism of salt toxicity. Each of these contributions still needs to 
be translated into specific protocols for water resource management and the derivation of 
water quality guidelines for salinity. The work presented here provides a focus for this 
endeavour. 
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Common abbreviations 
ACR Acute-to-chronic ratio, often following the formula ACR=acute 
toxicity/sub-lethal or chronic lethal toxicity 
ANOVA Analysis of variance 
CaCl2 Calcium chloride 
CI Confidence interval 
EC Electrical conductivity, a common surrogate for salinity 
ECx Effect concentration 
EPT Ephemeroptera, Plecoptera, Trichoptera, often regarded as salinity 
sensitive orders 
g/L Grams per litre 
h Hour(s) 
LCx Concentration lethal to x% of a population 
mmol/kg Millimoles per kilogram 
mS/cm Millisiemens per centimetre, a unit of electrical conductivity 
n Sample size, for example number of species, number of replicates 
NaCl Sodium chloride 
NSW New South Wales, Australia 
PC Protective concentration 
PCP The fraction of species expected to be protected at a given concentration 
RTT Rapid toxicity test, places a high priority on obtaining a representative 
sample of the different types of taxa found in a target region(s), rather 
than on testing a large number of individual organisms of each species 
(see STT) 
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SD Standard deviation 
SE Standard error of the means 
SMS Synthetic marine salt 
SSD Species sensitivity distribution, cumulative distributions of species‟ 
responses to a given toxicant 
STT Standard toxicity test, the priority is on obtaining a high number of 
individuals for only a few species (as opposed to RTT) 
µL Microliter 
µm Micrometer 
µS/cm Microseimens per centimetre, a unit of electrical conductivity 
WQG Water quality guideline 
WTP Water treatment plant 
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List of communications 
Throughout the project I have communicated with a range of stake holders and presented 
selected research to a wide audience including environmental managers, scientists at an 
international ecology conference, high school and University students, and the general public 
via an environmental radio program. Chapter 2 of this thesis was published in a peer 
reviewed journal. Chapters 3 to 5 are intended for publication, ensuring that the research in 
this thesis contributes to current knowledge on best practices for risk assessment and 
contributes data for the servation of water quality guidelines for salinity and updates 
knowledge on salinity effects in freshwater invertebrates. Below, in chronological order, is a 
summary of communications to date: 
An in person meeting with the Hunter-Central Rivers Catchment Management Authority 
(HCR CMA) Salinity Officer, Dr Rodney Hardwick, we discussed the expected outcomes 
from my research. Here, the aim was to align research outcomes with HCR CMA areas of 
interest with the intent that results from this research would contribute to management and 
policy development within the catchment. I also attended the Black Creek Community 
Stream Salinity Monitoring Project workshop, where I was able to present the project to Ben 
Harris from the HCR CMA Musswellbrook office and interested local stakeholders (February 
2008). 
 
University of Technology Sydney, July and October 2008, High School Student Outreach 
Program – Laboratory Freshwater Ecotoxicology Workshops, and University of Technology 
Sydney, October 2008, Co-ordinate and execute 3
rd
 year Environmental Forensics Practical 
in freshwater ecotoxicology presenting the Hunter River catchment, NSW, Australia, as a 
case study: High school science students participated in an outreach program at the 
University of Technology, Sydney (UTS) and we ran a full day workshop for UTS Faculty of 
Science Environmental Forensics students. For both student programs the Hunter River 
catchment was presented as a case study, and the students engaged in a practical salt 
ecotoxicity session exposing freshwater macroinvertebrate collected from the Hunter River 
catchment to increasing salt concentrations. 
 
In person meeting with Mark Littleboy from the Department of Infrastructure, Planning and 
Natural Resources (October 2008). 
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Oral conference presentation – 10th International Congress of Ecology, Time varying 
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Chapter 1 
General Introduction 
 
This thesis comprises a series of papers that contribute substantively to the improvement of 
salinity risk assessment and management, provide a basis for the revision of salinity water 
quality guideline derivation for lotic freshwater ecosystems, and deepen an understanding of 
biotic responses to salinisation. Each data chapter is written as a peer reviewed paper, 
containing its own introduction and review of the literature. Thus chapter 1 of this thesis only 
briefly reviews the literature, with the purpose of setting the overall theme of the thesis. 
Chapter 1 provides background and other introductory material that could not be included in 
a peer reviewed paper format, and states the aims of the thesis. Chapter 2 is published 
(Dowse et al., 2013) and chapters 3-5 will be submitted to peer review journals following the 
submission of this thesis.  
 
 
Approach and layout of the thesis 
The approach of this thesis was to: 
 Identify and address key gaps in knowledge concerning salinisation and freshwater 
lotic biota, and 
 Contribute knowledge to 1) risk-based management of salinisation and the protection 
of freshwater lotic ecosystems, 2) a deeper understanding of the real ecological 
experience of salinsation and 3) the basis and mechanism of salinity toxicity. 
Therefore to: 
1) Identify two catchments that have freshwater salinisation management challenges, 
2) Undertake a desk study investigating what salinity sensitivity data is currently 
available, how such data is currently used, and to explore ways to better utilise this 
available data, thus improving current salinity risk assessment procedures, 
3) Experimentally collect data on a) the relative toxicity of different salt compounds, b) 
chronic and sub-lethal effects of salinity, c) links between salinity, osmoregulation 
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and mortality, and d) the effects of temporarily varying salinity on osmoregulation 
and mortality, and to 
4) Discuss how all of the investigations presented contribute to the improvement of 
salinity risk-based management lotic freshwater systems. 
 
Research questions addressed in this thesis 
Each chapter of the thesis investigates an area in which data has been identified as lacking: 
 
Chapter 2 explores the issue of data availability and data choice in salinity risk assessment. 
The specific questions addressed in this chapter are: 
 
What data should be included in salinity risk assessment?  
And, 
What are the trade-offs between data quantity and data quality in salinity risk assessment? 
Chapter 3 addresses the lack of toxicity data for specific salt compounds, contributing 
empirical data to a deeper understanding of responses to salinity that nuance and enable 
deeper interpretation of biotic responses and distributions. In doing so, this chapter 
contributes knowledge to best practice in salinity risk assessment. Chapter 3 asks: 
 
What are the relative toxicities of three ‘representative salts’ on two freshwater 
macroinvertebrates?  
And, 
Is it feasible to assume that toxicity testing with a representative salt is indicative of the 
toxicity of a whole effluent? 
Chapters 4 and 5 link salinity, variable salinity, osmoregulation and mortality, contributing 
data in a way that is novel by considering the real experience of taxa; that is how they 
respond to temporal variations in salinity. Additionally, both chapters show evidence that our 
mechanistic understanding of salt toxicity, that is our understanding of the physiology of 
osmoregulation, is limited. Specifically, these chapters ask: 
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What is the relationship between salinity, osmoregulation and mortality for 
macroinvertebrate taxa?  
And, 
How do temporarily varying salinity regimes affect mortality and osmoregulation in 
freshwater macroinvertebrates? 
Chapter 6 evaluates the contribution these data make to improved salinity risk-assessment 
and the servation of salinity guideline derivation for freshwater lotic ecosystems.  
 
 
Background 
Salts, freshwater and salinisation 
Salts occur naturally in the environment, and all inland waters contain naturally occurring 
salts (Williams, 1980). Naturally occurring sources of inland salts include those released 
slowly through the weathering of marine derived geology (a catchment source), the cycling of 
oceanic salt by rainfall (an atmospheric source), and intrusions of saline groundwater from 
fault zones (Metzeling, 1993, LWC., 2001). Salinity is the total concentration of the dissolved 
inorganic fraction of a given water body. The major ions present in inland running waters are 
sodium (Na
+
), potassium (K
+
), magnesium (Mg
2+
), calcium (Ca
2+
), chloride (Cl
-
), sulphate 
(SO4
2-
) and bicarbonate (HCO3
2-
). These ions can end up in freshwater bodies through surface 
and sub-surface pathways, and an increase in the normal background level of salinity in a 
freshwater system is termed primary salinisation (Williams, 1987).  
Freshwater salinisation can also result from anthropogenic activities that disturb the natural 
salt cycle. This type of salinity increase is referred to as secondary salinisation (Cañedo-
Argüelles et al., 2013). There are almost innumerable anthropogenic activities that result in 
freshwater salinisation. Reduced river flow from regulation and diversion (Boulton and 
Brock, 1999, Williams, 1999), ground water abstraction, and water exportation and return 
flows from agriculture and industry (Boulton and Brock, 1999, Williams, 1999, 
Thayalakumaran et al., 2007) can contribute to secondary salinisation. Runoff from road salt 
de-icing (Williams, 1999, Kaushal et al., 2005, Harless et al., 2011) and wastewater release 
(for example, from sewerage treatment and power generation plants, mining, and other 
industrial outputs) contribute to secondary salinisation. On a longer temporal scale, rising 
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water tables resultant of land clearing for agriculture can onset dryland salinity, ultimately 
contributing to freshwater salinisation (LWA., 2001, Tomkins et al., 2009, SOE., 2011), 
particularly in semi-arid and arid environments (Boulton and Brock, 1999, Williams, 1999). 
Thus, the topic of salinisation of freshwater resources and its impact on inland biota is of 
international importance. 
The causes and effects of freshwater salinisation is an area requiring ongoing research and 
management because salinity results in economic and environmental losses (USEPA., 1986, 
Khan et al., 2006, Konukcu et al., 2006, NLWRA., 2008, OECD., 2008). Economic impacts 
of salinity arise chiefly from infrastructure damage, reduced agricultural productivity, and 
reduced suitability of water for irrigation and human uses (Williams, 1999). Indeed an 
estimated 270 million dollars damage caused by salinity in Australia during 2007 alone, 
through losses in agricultural production ($130 million), damage to infrastructure ($100 
million), and to the environment ($40 million) (ABS., 2007). Highly saline wastewaters 
reduce the potential for water recycling, and increase the corrosion of water pipes and 
treatment plant equipment (Tomkins et al., 2009). 
Freshwater salinisation is an urgent ecological issue (Cañedo-Argüelles et al., 2013). In-
stream effects arising from freshwater salinisation include, declines in biodiversity and 
changes in species composition (Metzeling, 1993, Piscart et al., 2005, Azrina et al., 2006, 
Boulton et al., 2007, Merricks et al., 2007, Cañedo-Argüellesa et al., 2013). The responses of 
freshwater biota to rising salinity have previously been reviewed  (see Hart et al., 1991, 
James et al., 2003, Nielsen et al., 2003, Cañedo-Argüelles et al., 2013), with freshwater 
invertebrates amongst the most sensitive to increases in salinity (Hart et al., 1991). Within 
freshwater macroinvertebrates, mayflies (Insecta: Ephemeroptera) are amongst the most 
salinity sensitive (Palmer et al., 2004, Merricks et al., 2007, Dunlop et al., 2008), and as such 
are one of the two taxa used as test animals for the research conducted for this thesis. 
 
Salinity ecotoxicology: a lack of basic information? 
In the 1990‟s and early 2000‟s a paucity of salinity sensitivity data for freshwater 
macroinvertebrates was a reoccurring theme within peer-reviewed journal articles (Hart et al., 
1991, Nielsen and Hillman, 2000). It was suggested that this lack of basic information was 
because historically much of the research into salinity focused on effects on agricultural 
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systems, with aquatic systems being largely ignored (Nielsen and Hillman, 2000). Whilst this 
may be true, the apparent paucity of salinity sensitivity data was most likely a reflection on 
the number of freshwater species on which we would like to obtain data.  
Over the last 10 years there has been much research into the salinity sensitivity of freshwater 
macroinvertebrates, (Kefford et al., 2003, Palmer et al., 2004, Hassell et al., 2006, Kefford et 
al., 2006, Dunlop et al., 2008, Harless et al., 2011). While there is not as much data as we 
would ideally like (Dowse et al., 2013), we now have salinity sensitivity data for over 100 
eastern Australian taxa. The majority of this datum is from acute toxicity tests exposing 
animals to increasing salinity, and is in the form of 72 (or 96) hour median lethal 
concentrations. While this data is useful, it does not consider the long term effects of salinity, 
nor the effects of salinity in scenarios of greater environmental relevance (for example, 
temporally varying salinity and salinity and other stressors). Our current salinity database is a 
starting platform from which to further investigate the effects of salinity on freshwater 
macroinvertebrates. 
A current problem for salinity risk assessment and water quality guideline derivation is a 
paucity of environmentally relevant data for freshwater macroinvertebrates. For example, 
there still remains a lack of data on: 
 the chronic and sub-lethal effects of salinity on freshwater macroinvertebrates,  
 the effects of salinities of varying ionic compositions on freshwater 
macroinvertebrates,  
 how changes in salinity affect animal physiology,  
 the effect of salinity that varies temporally, and 
 the effects of salinity combined with other factors and/or stressors.  
 
This lack of environmentally relevant data is a problem because in order to manage and 
mitigate environmental and economic effects cause by freshwater salinisation we first need to 
more fully understand how salinity affects freshwater biota. Furthermore, the emergence of 
species sensitivity distributions (Posthuma et al., 2001) as the major analyses used to derive 
water quality guidelines (USEPA., 1998, CCME., 2007), toxicity data from a range of taxa 
and a range of phyla and trophic levels is necessary for the derivation of  guidelines 
(ANZECC. and ARMCANZ., 2000, Warne, 2001). Chronic data are preferred (Warne, 
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2001), and 10-day short term chronic testing offers a pragmatic way of addressing this need 
(Palmer et al., 2004). 
‘Salt’ is not ‘salt’: the ionic composition of salts influence salt toxicity  
In Australia, the majority of experimental salinity sensitivity data for freshwater 
macroinvertebrates has been derived using synthetic marine salts (for example, see Dunlop et 
al., 2008). This is because freshwater salinisation has most often been attributed to dryland 
and irrigation salinity (Peck and Hatton, 2003) which results in inland saline waters with 
ionic proportions similar to sea water (Herczeg et al., 2001). However, there is evidence that 
specific salts, and salts with varying ionic compositions, are differentially toxic (Palmer et al., 
2004, Kefford et al., 2005a, Zalizniak et al., 2006, Zalizniak et al., 2009). This means that 
with respect to current salinity risk assessment in Australia, using most recently available 
data to compile salinity risk assessment for Australian rivers subject to salt inputs from 
sources other than increased salinity from dryland and irrigation salinity may not reflect true 
toxicity. 
A better option is for the type(s) of salt(s) used when testing salinity sensitivity to reflect the 
specific aims and objectives of the toxicity test. For example, in South Africa, standard 
laboratory toxicity testing protocols for salinity use specific salt compounds or 
“representative salts”, often with the aim of addressing contamination from industry, in which 
case sodium sulphate is used, and agriculture where sodium chloride is used (see Palmer et 
al., 2004). In the United States and Canada road salt de-iceing has resulted in increased 
freshwater salinisation (Kaushal et al., 2005, Gillis, 2011), making research into the toxicity 
of representative salts necessary (for example see Harless et al., 2011). However in Australia 
there is limited data on the salinity sensitivity of freshwater macroinvertebrates to 
representative salts. This can be problematic because water quality guidelines recommend the 
use of local animals and  the consideration of test media that are representative of areas to be 
protected (ANZECC. and ARMCANZ., 2000). Chapter 3 of this thesis investigated the 
relative salinity sensitivity of freshwater macroinvertebrates to three common salt 
compounds. This chapter also compares the relative toxicity of a treated whole effluent to a 
representative salt, considered a suitable surrogate.  
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Temporally varying salinity 
Currently, water quality guidelines and risk assessments, aiming to provide salinity levels that 
are safe for freshwater systems, are based on the assumptions that salinity is temporally 
constant (USEPA., 2002) and that it occurs in isolation to other stressors (Muschal, 2006, 
Kefford et al., 2007). This is problematic since salinity levels in freshwater systems are 
dynamic; they do fluctuate, and this can occur in conjunction with other chemical and/or 
physical stressors. For example, in rivers, salinity and temperature are likely to vary with the 
release of environmental flows and with variable rainfall.  
During periods of low rainfall and low flow salinity tends to gradually increase over weeks to 
months as a result of evaporation (DWAF., 1996), reduced inputs of freshwater, and saline 
groundwater intrusion (Nielsen et al., 2003, SOE., 2011). Following small rain events it may 
briefly spike due to the washing of salts into the river (Summerell et al., 2006). After a 
significant amount of rain, salinity would be expected to decrease, with the timing of the 
decrease dependent on the volume of rain, the topology of the basin and whether this rain 
reaches the stream via surface or sub-surface pathways (Summerell et al., 2006). Despite the 
fact that salinity does vary in lotic freshwater systems, there are very few studies 
investigating the effects of temporally varying salinity on freshwater macroinvertebrates. 
This has been identified as an area requiring research (Kefford et al., 2007), and is addressed 
in Chapters 4 and 5 of this thesis. 
 
Salinity and osmoregulation 
Osmoregulation is the active control of intra- and extra- cellular ionic concentrations and 
volume. It involves the regulation of total osmotic pressure and individual inorganic ions 
(Cañedo-Argüelles et al., 2013, Wigglesworth, 1938), organic osmolytes, protiens, and acid-
base balance (Cañedo-Argüelles et al., 2013). Osmoregulation is a key physiological function 
and critical for homeostasis (Williams and Feltman, 1992, Bradley, 2009), because in 
biological systems even the most effective membrane is rarely permeable only to a solvent. 
An understanding of the physiological link between salinity and osmoregulation is important 
because the osmoregulatory capacity of aquatic animals places limits on the salinity range 
they can inhabit. The physiological basics of osmoregulation are thought to be well 
established (see Lovejoy, 2005, Knox, 2007, Campbell and Reece, 2012). 
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Research into osmoregulation was predominately undertaken in the 1960‟s and 70‟s using 
mostly marine or salinity tolerant invertebrates (Sutcliffe, 1961a, Lockwood, 1968, Bayly, 
1972, Sanguinetti, 1980), or with the primary intent of comparing ionic regulation in animals 
of the same genus but originating from fresh and brackish-water populations (Shaw and 
Sutcliffe, 1961, Sutcliffe, 1967, Sutcliffe, 1971). Additionally, the osmoregulation of 
mosquitos has been an area of ongoing research (Wigglesworth, 1938, Ramsay, 1950, 
Sutcliffe, 1960, Patrick et al., 2002a, Patrick et al., 2002b). The continuous study of 
osmoregulation in mosquitos is most likely because mosquitos are vectors for viruses that 
seriously compromise human health. There is however, relatively little information on 
osmoregulation in other freshwater insects (Sutcliffe, 1961b, Kapoor, 1979).  
Past research into osmoregulation has not aimed to establish the relationship between salinity, 
osmoregulation and mortality. When osmoregulation was studied it was in the context of pure 
physiological research. Therefore, although patterns of osmoregulation are understood for 
marine and salinity tolerant invertebrates, we have only superficial comprehension of the 
direct links between salinity, osmoregulation and mortality. Additionally, we still do not have 
a thorough understanding of osmoregulation for salinity sensitive macroinvertebrates.  
Chapters 4 and 5 of this thesis study the relationship between salinity, mortality and 
osmoregulation using a salinity sensitive mayfly nymph (Ephemeroptera: Leptophlebiidae: 
Austrophlebiodes pussillus) and the salinity tolerant freshwater shrimp Paratya australiensis 
(Decapoda: Atyidae). Both species are first subjected to constant salinities, but unlike other 
studies I extend osmoregulatory research to investigate osmoregulatory patterns under 
temporarily varying salinity scenarios.  
 
The collection sites 
In the following section, I give background information on the regions of study for this thesis. 
This includes information on location, climate and salinisation history. The information is 
included in the thesis to orientate the reader to these areas, and provide a basic understanding 
of why it is relevant to use these areas for investigations on freshwater salinisation. In this 
thesis, stream macroinvertebrates were collected from Moonan Flat, New South Wales 
(NSW) which is within the Hunter River Catchment, and from Uriarra Crossing, Australian 
Capital Territory (ACT) which is within the Murray-Darling basin. Both areas were 
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thoroughly scouted, and the chosen collection sites represent areas with minimal disturbance, 
suitable as reference sites within regions where freshwater salinisation is a serious concern 
for freshwater managers and decision makers. Additionally, both collection sites were home 
to animals in the abundance required for toxicological laboratory testing. 
 
Collection site 1: The Hunter River catchment, New South Wales 
The Hunter River catchment is the largest coastal catchment in New South Wales (NSW), 
Australia, covering 22 000km
2
. Climate summary statistics were obtained from the Scone 
SCS weather station; this being the station closest to the freshwater macroinvertebrate 
collection site, and one that recorded all required climate data. Mean annual rainfall is 644.3 
mm and temperature varies between a mean maximum of 31.2°C in January and a mean 
minimum of 4.7°C in July (BOM., 2014a). The catchment has parts which are naturally 
saline due to the weathering of its marine derived geology. Such weathering results in 
naturally salty central and south-eastern regions. Major fault lines contribute substantial 
volumes of naturally saline groundwater to the Hunter River. Groundwater fluxes from major 
fault zones are the prime determinant of high salinities during low river flow (LWC., 2001). 
Freshwater salinisation in the Hunter River catchment has been identified as a serious 
problem (Chessman et al., 1997, LWA., 2001). The catchment is an area of agriculture, major 
power generation and extensive coal mining (Connor et al., 2004). Mining is concentrated 
where coal is at a shallow depth, and easily accessible to open cut mining procedures 
(Hancock et al., 2005). Mining excavations can intercept groundwater aquifers, liberating 
saline water. Additionally, coal seams contain saline groundwater which is removed during 
coal processing, and saline wastewater is produced during coal washing procedures. The coal 
mining industry is a major point source of saline water liberation and production in the area 
(LWC., 2003). 
 Saline wastewater from mines and power generation plants is held in in-ground reservoirs 
(Hancock et al., 2005), which historically, constantly trickled saline wastewater directly into 
the Hunter River. This constant input and the high levels of naturally occurring salts in the 
region results in salinity downstream of the mining and power generation areas reaching 
levels that were negatively impacting downstream water users (DEC., 2006). The condition 
of the Hunter River catchment was assessed, using macroinvertebrates as biological 
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indicators of in-stream health. Of the 42 survey sites, 50% were rated as having poor health 
(Chessman et al., 1997). All sites identified as having high salinity, or receiving wastewater 
from power generation plants or coal mines had macroinvertebrate communities that 
indicated poor in-stream health (Table 1.1).  
Table 1.1 Examples of sites within the Hunter River catchment identified as having 
macroinvertebrate communities indicative of poor in-stream health attributed to 
salinities that within the catchment are considered high 
Site 
Salinity 
(µS/cm) 
Upstream activities directly attributed to high 
salinity 
Bayswater Creek 478 Power generation stations 
Pokolbin Creek 342 Urban area 
Webbers Creek 309 Coal mine discharge 
 
To manage freshwater salinisation in the Hunter River catchment, the Hunter River Salinity 
Trading Scheme was implemented in 1995. This scheme aims to regulate wastewater 
discharge into the Hunter River so that in-stream salinity does not exceed 900 µS/cm, 90% of 
the time, at the most downstream gauging station, located at Greta (LWC., 2003).  
 
Collection site 2: The Murrumbidgee River, Australian Capital Territory and New 
South Wales 
The Murrumbidgee River system is a major tributary of the Murray-Darling River system 
(Ryder et al., 2007). It is a large river by Australian standards, flowing over 1500 km from its 
source in the Snowy Mountains, NSW, through the Australian Capital Territory (ACT), back 
into NSW to its junction with the Murray River, with a total catchment area of around 84 000 
km
2
. The climate summary statistics reported here were obtained from the Tuggeranong 
(Isabella Plains) weather station; this being the station closest to the freshwater 
macroinvertebrate collection site, and one that recorded all required climate data. Mean 
annual rainfall is 626.5 mm and temperature varies between a mean maximum of 29.5°C in 
January and a mean minimum of 0.2°C in July (BOM., 2014b). Salinity levels in the 
Murrumbidgee River are estimated to be increasing by between 0.8 and 15% per annum, 
dependent on location (LWA., 2001), with mean annual salinity ranging from 138 to 475 
µS/cm (Jolly et al., 2001). 
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The Molonglo River is a major tributary flowing into the Murrumbidgee River (DWE., 
2008). The Lower Molonglo Water Quality Control Center (LMWQCC) is the major 
wastewater treatment plant serving Canberra. Treated water from the plant is discharged into 
the lower Molonglo River, just upstream of the confluence between the Molonglo and 
Murrumbidgee Rivers. The Molonglo River also receives wastewater discharge from the 
Queanbeyan sewerage treatment plant (Tomkins et al., 2009). High salt concentrations, 
exceeding licensed limits at and below the LMWQCC, were identified as contributing to poor 
environmental health (Tomkins et al., 2009).  The ACT has government proposed a water 
transfer to increase daily streamflow in the lower Molonglo River, thus diluting salt 
concentrations and improving environmental health (Tomkins et al., 2009).  
However, at present there are still questions concerning the toxicity of the treated wastewater 
discharge from the LMWQCC, and the environmental impacts of the discharge on the 
ecology of the river system. As such, I was asked to run an investigation into the toxicity of 
wastewater from the LMWQCC and its relative toxicity to three single salt compounds (a 
synthetic marine salt, calcium chloride and sodium chloride). This investigation was 
requested because of a lack of data on freshwater macroinvertebrate sensitivity to 
representative salts, particularly calcium chloride. The research is presented in chapter 3 of 
this thesis. 
 
In conclusion 
This thesis makes novel contributions to an understanding of the effects of salinity on 
freshwater macroinvertebrates at the individual, population and community level. The results 
will contribute to the derivation of more accurately protective water quality guidelines for 
freshwater salinisation. The thesis lays a foundation for important work on improving the 
assessment and risk-based management of freshwater salinisation. 
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Chapter 2 
Risk assessment using the species sensitivity distribution method: 
data quality vs. data quantity 
 
Because paucity of salinity sensitivity data is a reoccurring theme in salinity risk assessment I 
thought it pertinent to investigate what data is actually available (and thereby identifying 
where data is lacking)before beginning any laboratory studies on the salinity sensitivity of 
freshwater macroinvertebrates. I found that, through the employment of an unorthodox 
laboratory method, salinity sensitivity data exists for over 100 Australian freshwater taxa. 
Why was this data not being utilized for salinity risk assessment? This chapter is a desk 
study, exploring available salinity sensitivity data and how it is, and can be, used. 
 
This chapter has been published: Dowse, R., Tang,
 
D., Palmer, CG. and Kefford, BJ. 2013. 
Risk assessment using the species sensitivity distribution method: data quality vs. data 
quantity. Environmental Toxicology and Chemistry. 32(6): 1360-1369. 
Author contributions: The design of this paper, the research and analyses were conducted 
by R. Dowse, the sole exception being the Bayesian statistics. The methods and graphing 
using the Bayesian analyses were undertaken by D. Tang. The advice, recommendations and 
editing of co-authors and anonymous peer-reviewers improved this chapter.  
 
Abstract 
Species sensitivity distributions (SSDs) are cumulative distributions of measures of species 
sensitivity to a stressor or toxicant, and are used to estimate concentrations that will protect 
p% of a community (PCp). There is conflict between the desire to use high quality sensitivity 
data in SSDs, and to construct them with a large number of species forming a representative 
sample. Trade-offs between data quality and quantity were investigated using the effects of 
increasing salinity on the macroinvertebrate community from the Hunter River catchment, in 
eastern Australia. Five SSDs were constructed, representing five points along a continuum of 
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data quality vs. data quantity and representativeness. This continuum was achieved by the 
various inclusion/exclusion of censored data, non-modeled data and extrapolation from 
related species. Protective concentrations (PCs) were estimated using the Burr Type III 
distribution, Kaplan-Meier survival function, and Bayesian statistical models. The dominant 
taxonomic group was the prime determinant of PCs, with an increase in PC95 values 
resulting from a decrease in the proportion of Ephemeropteran species included in the SSD. 
Additionally, decreases in data quantity in a SSD, decreased community representativeness.  
We suggest, at least for salinity, that the inclusion of right censored data provides a more 
representative sample of species that reflects the natural biotic assemblage of an area to be 
protected, and will therefore improve risk assessment. 
Keywords: freshwater invertebrate, Hunter River, salinity, major ions, `water quality 
guideline, ecological risk assessment. 
 
Introduction 
The most common approach to setting water quality guidelines and conducting risk 
assessments recommends the use of species sensitivity distributions (SSDs) (Posthuma et al., 
2001), commonly with the aim of protecting 95% of the species found in a community 
(USEPA., 1998, ANZECC. and ARMCANZ., 2000, Palmer et al., 2004, CCME., 2007). 
SSDs are cumulative distributions of species‟ responses to a given toxicant. They are 
generally compiled using available laboratory derived sensitivity data. The maximum 
concentration of a toxicant at which we could expect p% of species to be protected can be 
estimated (PCp) from the SSD. 
To estimate stressor and toxicant concentration limits that will protect local biota, water 
quality guidelines sometimes recommend the use of local biological sensitivity data (e.g. 
(ANZECC. and ARMCANZ., 2000)). These local sensitivity data comprise experimentally 
derived sensitivity of species that inhabit the region to be protected. However, there are many 
localities, for which no local sensitivity data exists and thus SSDs cannot be produced using 
local sensitivity data. Even for regions where data does exist, SSDs generally include 
sensitivity data from too few species, and from a mix of species that do not reflect the 
composition in any known community (Forbes and Calow, 2002). 
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To circumvent this problem, the inclusion of sensitivity data which in conventional terms 
would be of lower quality has been suggested (Kefford et al., 2003, Kefford et al., 2005b, 
Hickey et al., 2008, Morton et al., 2008). The logic being, that by relaxing the quality 
controls on sensitivity data for each individual species, it will be feasible to obtain sensitivity 
data from local assemblages of species, and from a larger sample of species, which in effect 
are replicates within the SSD. This should result in SSDs that are closer to estimating 
concentrations that will “really” protect, for example, 95% of species in environments of 
interest, rather than the concentration which will protect 95% of species tested (Kefford et al., 
2005b). Here we compare several different data quality procedures to select data for inclusion 
into a SSD. We do this for the Hunter River Catchment, New South Wales (NSW), in eastern 
Australia, with the environmental contaminant salinity.  
Freshwater salinisation, typically associated with dryland salinity, is an environmental 
concern for regions with or near large arid and semi-arid climates (Williams, 1987). In cold 
climates, road de-icing salt can result in surface and groundwater salinisation (Kaushal et al., 
2005). The salinity of surface waters can also rise from the input of mining (Kennedy et al., 
2004, Piscart et al., 2005) and industrial effluents (Piscart et al., 2005). Increases in in-stream 
salinity can change the community structure of aquatic biota (Metzeling, 1993, Kefford et al., 
2011), for example, resulting in a decrease in the abundance of halosensitive species relative 
to halotolerant species (Schäfer et al., 2011).  
Historically, there was a paucity of salt sensitivity data (Hart et al., 1991, Metzeling, 1993), 
making the compilation of SSDs that contained animal‟s representative of natural 
communities‟ problematic (Kefford et al., 2006). Additionally, data included in SSDs more 
generally can be biased towards the use of species that are easily cultured and manipulated in 
the laboratory (Newman et al., 2000, Kennedy et al., 2004, Kefford et al., 2005b).  However 
an alternative method, rapid toxicity testing (RTT) (Kefford et al., 2003, Kefford et al., 
2005b), has been used to determine the approximate sensitivity of field collected taxa, as 
opposed to a high number of individuals for only a few species, as typically used in standard 
toxicity tests (STT). RTT has resulted in data on the salinity sensitivity of over 100 
freshwater macroinvertebrate taxa collected from sites within eastern Australia (Zalizniak et 
al., 2006, Horrigan et al., 2007, Dunlop et al., 2008). These tests put a higher priority on 
obtaining a representative sample of the different types of taxa found in the target region(s), 
than on testing a large number of individual organisms of each species. 
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There have been no comparisons of the impact of the trade-off between data quality and 
community representativeness (i.e. data quantity at the community level). We investigated 
risk assessment for increased salinity in the Hunter River catchment using macroinvertebrate 
sensitivity data derived from STT, RTT, and where no data currently existed, extrapolations 
of known salt sensitivity data to related taxa. Two different risk assessment protocols 
(ANZECC. and ARMCANZ., 2000, Kefford et al., 2007) were used with the aims of 
comparing the impact of the use of censored data on protective concentration estimates, and 
investigating community representativeness in risk assessment. 
 
Methods 
Study area  
The Hunter River catchment is a coastal catchment in eastern NSW, Australia (31°92'S; 
151°25'E). The catchment is a naturally salty region with marine derived geology and saline 
groundwater. During periods of low flow in the Hunter River, groundwater fluxes from major 
fault zones are the prime determinant of high in-stream salinities (LWC., 2001). Power 
generation and coal mining are the major point sources of saline water production and 
liberation in the catchment (LWC., 2003). 
 
Data acquisition 
A list of all stream macroinvertebrates collected from or likely to occur in the Hunter River 
catchment was compiled from Chessman et al. (Chessman et al., 1997), other published 
articles and taxonomic keys (for a full taxa list and references see Supplement 1, Table S1). 
Where no specific biogeography was available but taxa are known to occur in similar 
locations within NSW, they were considered to be present in the Hunter. Similar locations 
were defined as those occurring within NSW and regions of the Great Dividing Range, and/or 
as cosmopolitan within south-eastern Australian coastal catchments. Where species specific 
biogeography was unavailable but a genus was known to occur in the Hunter River 
catchment, the genus was represented once in the taxon list. There are other biological 
groups, particularly microinvertebrates, algae, plants and fish that were not included in the 
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SSDs. Therefore, estimated PCps are based only on protecting the macroinvertebrate 
assemblage. 
Salinity sensitivity data (Kefford et al., 2003, Kefford et al., 2004a, Hassell et al., 2006, 
Zalizniak et al., 2006, Horrigan et al., 2007, Dunlop et al., 2008, Kefford et al., 2006) [Tricia 
A Paradise, 2009, Master‟s thesis, RMIT University, Victoria, Australia] for 
macroinvertebrates collected from eastern Australian were collated into the Hunter River 
Catchment taxa list. Acceptable sensitivity data were mostly derived from tests on field 
collected animals, always using similar laboratory methods, and only where the salt source 
was synthetic marine salt. Consistency with the type of salt used was important because there 
is evidence that specific salts are differentially toxic (Palmer et al., 2004). Unless otherwise 
stated, sensitivity data were reported as lethal concentrations, LCx, that is the concentration 
lethal to x% of the population. 
An initial sensitivity data pool of approximately 150 sensitivity values for taxa known to 
occur in the Hunter was compiled. This data pool contained uncensored and censored 
sensitivity data (censored is a common statistical term, and definitions of the types of 
censored and uncensored data used in this study are given in Table 2.1), and consisted mostly 
of estimates of 72 hour LC50s (concentrations lethal to 50% of test populations). For field 
collected animals; uncensored data are always only available for abundant taxa. In this study, 
most of the censored data were from the RTT of rare, field collected animals (Kefford et al., 
2003, Kefford et al., 2005b). Two types of censored data were used; interval censored and 
right censored (Table 2.1). Where there were multiple estimates of a species‟ 72 hour LC50 at 
similar life stages, the geometric means (geomeans) were calculated, but here censored data 
were not used for the calculation of geomeans.  
 
SSD construction 
Five SSDs were constructed using various rules on the inclusion of data: the five SSDs 
represented a continuum. At one end of this continuum (SSD 5), many species (n=449) which 
are aligned to the actual taxa occurring in the Hunter Catchment are included in the SSD, and 
the SSD includes species sensitivity estimates which have relatively large uncertainty. At the 
other end of the continuum (SSD 1), few species are included in the SSD (n=5) but there is 
less uncertainty as to the sensitivity of each species included (Table 2.2). SSD 1 was 
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constructed from uncensored modeled (defined in Table 2.1) sub-lethal or chronic (≥ 21 day) 
lethal data. SSD 2 was constructed using uncensored modeled 72 hour LC50s. For SSD 2 to 5, 
chronic toxicity was estimated using an extrapolation factor derived from acute to chronic 
ratios (ACR). ACRs were calculated for species having both 72 hour LC50 and sub-lethal or 
chronic lethal data (Table 2.3) following the formula ACR = acute toxicity/sub-lethal or 
chronic lethal toxicity (Warne, 2001). The largest ACR was applied as an extrapolation factor 
to SSDs 2 to 5. No extrapolation factor was applied to the data in SSD 1. 
 
Table 2.1 Definitions of the types of toxicity data included in species sensitivity 
distributions 
Data type Description 
Uncensored data - Modeled 
toxicity values 
Estimated from concentration-response curves generated 
from (standard or rapid) toxicity testing 
Uncensored data - Non-modeled 
toxicity values 
Data assigned “approximately equal to” 
Censored data - Interval censored Mortality occurred between salinities a and z, but the point 
at which this happened could not be estimated. Instead, 
the mid-point of the range was assumed to be the 72 hour 
LC50
a 
Censored data - Right censored Survival time is unknown because it exceeded the length 
of the designated experimental time. Mortality is expected 
to occur at salinities exceeding the reported 72 hour LC50 
a 
LC50 = median lethal concentration.  
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Table 2.2 Summary of the species sensitivity distributions (SSDs) used
a 
SSD n = 
% of the 
expected 
community 
% 
censored 
data 
% 
extrapolated 
data 
Type of data 
Extrapolation 
factor 
1 5 ≈ 1 0 0 chronic or sub-lethal EC/LC50
b 
No 
2 54 ≈ 12 0 30 acute 72 hour LC50 Yes 
3 112 ≈ 25 51 44 acute 72 hour LC50; interval Yes 
4 203 ≈ 45 72 
48 acute 72 hour LC50; interval; right 
censored Yes 
5 449 100 83 
76 acute 72 hour LC50; interval; right 
censored Yes 
a
 See Methods for specific data inclusion rules for each SSD (n = the number of species included in the SSD). 
b
 EC50 =  median effect concentration; LC50 = median lethal concentration 
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The quality of data used in both SSDs 1 and 2 were screened and all met the highest quality 
criteria in the current Australian and New Zealand protocol (Warne, 2001), as summarized 
here. A series of questions on how sensitivity data were derived and reported were addressed, 
awarded a score, and then classed as complete, moderate, or incomplete. Only complete or 
moderate data were used in SSDs 1 and 2. Then, toxicity data were excluded from SSDs 1 
and 2 if: concentrations were censored; the difference between test concentrations was greater 
than 10; exposure durations were not stated; endpoints and measures of toxicity were not 
stated (for full details see Warne, 2001). 
The procedure described in Warne (2001) (available free of charge at 
http://www.ecotox.org.au/aje/) was used to derive protective concentrations from SSDs 1 and 
2, with three exceptions. Firstly, the chronic sensitivity data used in SSD 1 were generally 
EC50 or LC50 values and were not No Observed Effect Concentrations (NOECs) as the latter 
are no longer recommended (Warne and van Dam, 2008). Secondly, for SSD 2, where a 
species was expected to occur in the Hunter River catchment but lacked a species specific 
sensitivity datum, its sensitivity was extrapolated from members of its genus which had 
sensitivity data. These extrapolations were calculated from uncensored acute 72 hour LC50s 
only, subjected to the screening process described above, and met the highest quality criteria. 
Lastly, all sensitivity data were for macroinvertebrates only, and we note the requirement of 
four different taxonomic groups could be considered as satisfied: Crustacea, Insecta, 
Mollusca and Oligochaeta. 
SSDs 3 to 5 contained uncensored and censored data. In addition to the uncensored 72 hour 
LC50s in SSD 2, SSD 3 contained interval data and (non-modeled) sensitivity data published 
as “approximately equal to”. Interval data was considered to be a relatively reliable censored 
sensitivity value because sensitivity (in this case, mortality) lies between known lower and 
upper toxicity limits. In SSD 3 extrapolations of sensitivity values to taxa without associated 
data only occurred to the genus level, with one exception, the leech Glossiphoniidae, where 
only family level identification and sensitivity data were available.  
In addition to the data in SSD 3, SSD 4 contained right censored data (see Table 1 for the 
definition of right censored data). In SSD 4, extrapolations of sensitivity values to taxa 
without associated sensitivity data were extended to the family level. For example, if a genus 
occurred in the Hunter, but lacked sensitivity datum, mean sensitivity was calculated from 
sensitivity data associated with its family. SSD 5 contained all of the data in SSD 4, with the 
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addition of extrapolations where necessary at order and class levels (Kefford et al., 2007). 
Thus, SSD 5 contained sensitivity data for all species expected to occur in the Hunter 
Catchment. 
One family from each of Lepidoptera, Megaloptera and Neuroptera were expected in the 
Hunter River catchment. However there was no published Australian salinity sensitivity data 
associated with these orders. Lepidopterans are most closely related to Trichopterans, and 
Megalopterans and Neuropterans are most closely related to Coleopterans (CSIRO., 1970). 
So, the geomean of all sensitivity data for Trichoptera was extrapolated to Lepidoptera, and 
the geomean of all Coleopteran sensitivity data was extrapolated to both Megaloptera and 
Neuoptera. This only occurred in SSD 5. 
 
Statistical analysis 
Due to the presence of censored data in SSDs 3 to 5, no single statistical method was ideal for 
all SSDs. As a result, three statistical methods were used: the parametric Burr Type III 
statistical distribution method (Warne, 2001), the non-parametric Kaplan-Meier survival 
function (using SPSS Statistics 17.0) which allows censored data to be included in a SSD, 
and two Bayesian statistical models from (Hickey et al., 2008) (see below) (using R). 
Bayesian models treat censored data and interval data as a random variable bounded, and 
considers data as fixed, useing data to update prior knowledge to the posterior distribution on 
unknown parameters (Forbes and Calow, 2002). For the Burr Type III statistical and the 
Kaplan-Meier survival function, the mid-point of interval datum was used. The Bayesian 
statistical models included both the lower and upper bounds of interval datum. In all analyses 
uncensored non-modeled toxicity values (e.g. data assigned “approximately equal to”) were 
used directly. 
Values at which p% of the macroinvertebrate community are expected to be protected (PCp) 
from increasing salinity (measured as Electrical Conductivity, EC mS/cm @ 25
°
C, hereafter 
mS/cm) were derived from SSDs 1 and 2 using the Burr Type III statistical distribution 
method. Although SSDs 1 and 2 did not use censored data, they were also analysed using 
Kaplan-Meier survival function and Bayesian statistical models, for comparative purposes 
(i.e. to check if PCp differences were due to model choice, or as a result of the type of data 
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included in the SSD). SSDs 3 to 5 contained both censored and uncensored data, and so 
Kaplan-Meier survival function and Bayesian models were used to estimate PCp.  
Two Bayesian models, based on the log-normal assumption, were used in this study; we refer 
to them as Bayesian model 1 and Bayesian model 2. Model 1 (Hickey et al., 2008) is 
described as  
 
where  is the sensitivity data, and  are considered as the true measures of SSD. 
The censored data are included this model by considering them as a random variable 
bounded. By using the non-informative prior distribution to , we can obtain the 
posterior distribution for the unknown parameters. The prior distributions used for 
 
are and , respectively. 
Bayesian model 2 (Forbes and Calow, 2002, O‟Hagan et al., 2005) considers the SSD as a 
mixture distribution (a suitable weighted sum of probability distribution) of log-normal 
distributions which deal with the taxa-specific similarity. This model assumes that the 
concentration for species within the same given taxa follows a log-normal distribution with 
the same mean. In this paper we used the taxonomic level of order. This distribution 
represents the true sensitivity measure, and then the true toxicological means are assumed to 
have linear relationship with the expert assessments for each order (O‟Hagan et al., 2005). 
The model is described as 
 
 
where  represents the order species i belongs to; n is the number of species; N is the number 
of the order;  is the true toxicological mean for order  and  is expert assessment for 
order j. Common variances  and  are assumed to all the species concentrations and all 
the true order means respectively.  explains measurement error in the data and within 
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order variability.  indicates how well expert assessments match true order mean. As with 
Bayesian model 1, censored data are included in this model by considering them as a random 
variable bounded. By using non-informative prior distributions to hyper-parameters 
in the above hierarchical model, we can obtain the posterior distributions for 
unknown parameters and analyze them further. The prior distributions used for  are 
. The prior distributions used for are . Both 
Bayesian models were analysed by Markov Chain Monte Carlo (MCMC) sampling. 
Taxonomic distinctness analyses are community biodiversity measures that can be used when 
quantitative data are unavailable. There are two statistics for taxonomic distinctness, average 
taxonomic distinctness and variation in taxonomic distinctness. Average taxonomic 
distinctness is a biodiversity measure that compares the average taxonomic breadth of given 
assemblages of species. Average taxonomic distinctness can be similar between species 
assemblages, but the actual phylogenetic tree of each assemblage can be very different 
(Clarke and Warwick, 2001). This difference is summarized by the statistic, variation in 
taxonomic distinctness. These were analysed using Primer 6 version 6.1.6 (Clarke KR, 
Gorley RN 2006. PRIMER v6: User Manual/Tutorial. PRIMER-E, Plymouth). Data was 
aggregated from phylum to species level, and weighting was determined by taxon richness. 
. 
Results 
Extrapolation factor 
There were acceptable data from which an ACR could be calculated for seven species (Table 
2.3). For Dinotoperla thwaitesi (D. thwaitesi) and Anisocentropus sp. the most sensitive end-
points were presented as the mid-point of a range. D. thwaitesi had 90% egg hatchling 
success at 0.8 mS/cm; however Kefford et al. (Kefford et al., 2004a) estimated hatchling 
tolerance to lie between 0.8 and 6.4 mS/cm, therefore a mid-point of 3.6 mS/cm was used. 
Likewise, Anisocentropus sp. had 100% hatching success at 6.4 mS/cm (Kefford et al., 
2004a), and hatching success negatively affected between 6.4 and 12.6 mS/cm (mid-point of 
9.5 mS/cm). The highest ACR occurred for Chironomus tepperi (ACR of 6.1); the most 
sensitive taxon in the data pool. The ACR of 6.1 was therefore the extrapolation factor 
applied to SSDs 2 to 5. 
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Protective concentrations (PCp) 
The fractions of species expected to be protected at a given concentration (PCp), and 
associated confidence intervals (where they are able to be calculated), are estimates from the 
various statistical methods used. For SSD 1, the different types of analysis produced highly 
varying protective concentrations (Table 2.4). SSD 1 satisfied minimum data requirements as 
per Warne (Warne, 2001), and point estimates (and confidence intervals) were obtained using 
the Burr Type III distribution. However this analysis reported too few data points, and that as 
such, the results should be interpreted with caution. The PC90, PC95, and PC99 estimated for 
SSD 1 using the Kaplan-Meier survival function were less than 2.5 mS/cm. This is in 
accordance with all other results for SSD 1, but unlike the other analyses used, Kaplan-Meier 
survival function does not generate confidence intervals for PC‟s. For SSD 1 Bayesian 
models 1 and 2, median PC50, PC90, PC95 and PC99 were estimated with 90% credible 
intervals (see Supplement 1, Figure S6 and Figure S11 for the SSD distributions under these 
two Bayesian models).  
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Table 2.3 Macroinvertebrate taxa expected to be found in the Hunter River catchment and the acute to chronic ratios of their acute 
lethal and most sensitive endpoint toxicity data 
Order Family Genus species 
Lethal 
72 hour 
LC50 
(mS/cm) 
Most 
sensitive 
endpoint 
(mS/cm) 
Type of data - 
most sensitive 
endpoint 
Acute 
to 
chronic 
ratio 
Reference 
Basommatophora Physidae Physa acuta 14.1
a
 3.2 Growth EC50
d
   
30-day 
4.4 (Kefford et al., 
2003, Kefford et 
al., 2006, Dunlop 
et al., 2008) 
Paradise
b 
Decapoda Atyidae Parataya australiensis 35.1
a
 23.8 Juvenile growth 1.5 (Kefford et al., 
2003, Kefford et 
al., 2006, Dunlop 
et al., 2008) 
Paradise
b
 
Diptera Chironomidae Chironomus tepperi 15.3 2.5 Recruitment to 
2nd generation 
6.1 Paradise
b
 
Ephemeroptera Baetidae Centroptilum sp. 10 2.7 21-day LC50
e 
3.7 (Hassell et al., 
2006) 
Lumbriculida Lumbriculidae Lumbriculus variegatus 15.4 5.8 Biomass EC50 2.7 Paradise
b
 
Plecoptera Gripopterygidae Dinotoperla thwaitesi 18 3.6
c
 Hatchling 
success 
5 (Kefford et al., 
2003, Kefford et 
al., 2004a) 
Trichoptera Calamoceratidae Anisocentropus sp. 23 9.5
c 
Hatchling 
success 
2.4 (Kefford et al., 
2003, Kefford et 
al., 2004a) 
a 
Geometric mean. 
b
 Tricia A Paradise, 2009, Master‟s thesis, RMIT University, Victoria, Australia. c Mid-point of range. 
d
 EC50 = median effect concentration. 
e
 LC50 = median lethal concentration. 
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Table 2.4 Salinity concentrations (90% confidence interval) that, if not exceeded, should protect Hunter River catchment 
macroinvertebrate communities (PCp) 
SSD
a 
Range of 
sensitivity 
values 
PC99
b 
PC95
b 
PC90
b 
PC50
b 
Type of analysis 
1 2.5-23.8 1.54 (1.21-3.43) 1.94 (1.74-2.89) 2.23 (1.98-3.07) 4.19 (2.75-8.48) Burr Type III distribution  
1 
 <2.5 <2.5 <2.5 2.95 
Kaplan-Meier survival 
function  
1  0.472 (0.022-1.43) 0.947 (0.095-2.33) 1.37 (0.199-3.08) 4.99 (2.05-12.5) Bayesian model 1 
1  0.265 (0.0051-1.47) 0.595 (0.0051-2.10) 0.915 (0.0251-2.51) 4.07 (1.45-14.6) Bayesian model 2 
2 1.13-8.28 0.60 (0.27-1.05) 1.20 (0.80-1.59) 1.62 (1.28-1.62) 3.52 (2.95-4.27) Burr Type III distribution  
2 
 <1.13 <1.13 1.33 3.03 
Kaplan-Meier survival 
function  
2  0.931 (0.713-1.15) 1.35 (1.09-1.61) 1.65 (1.37-1.92) 3.33 (2.95-3.77) Bayesian model 1 
2  1.01 (0.845-1.17) 1.40 (1.21-1.58) 1.75 (1.48-1.98) 3.17 (2.92-3.47) Bayesian model 2 
3 
1.13-9.02 <1.13 1.33 2.10 4.75 
Kaplan-Meier survival 
function  
3  1.12 (0.932-1.30) 1.58 (1.37-1.78) 1.90 (1.68-2.10) 3.63 (3.34-3.95) Bayesian model 1 
3  1.18 (1.01-1.34) 1.63 (1.48-1.79) 1.98 (1.85-2.12) 3.42 (3.22-3.64) Bayesian model 2 
4 
1.13-9.02 <1.13 2.08 2.13 5.75 
Kaplan-Meier survival 
function  
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SSD
a 
Range of 
sensitivity 
values 
PC99
b 
PC95
b 
PC90
b 
PC50
b 
Type of analysis 
4  1.26 (1.07-1.45) 1.83 (1.62-2.03) 2.23 (2.01-2.44) 4.48 (4.15-4.88) Bayesian model 1 
4  1.37 (1.22-1.52) 1.88 (1.73-1.98) 2.18 (2.03-2.33) 3.91 (3.69-4.17) Bayesian model 2 
5 
1.13-9.02 1.13 2.10 2.62 5.94 
Kaplan-Meier survival 
function  
5  1.48 (1.32-1.64) 2.16 (1.99-2.33) 2.64 (2.46-2.83) 5.38 (5.02-5.83) Bayesian model 1 
5  1.56 (1.43-1.68) 2.08 (1.98-2.18) 2.43 (2.33-2.53) 4.17 (3.98-4.39) Bayesian model 2 
a
 SSD = Species sensitivity distribution. 
b 
Salinity measured as electrical conductivity (mS/cm).  
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There was greater similarity for all PC‟s estimated for SSDs 2 to 5 using the various 
statistical methods (Table 2.4). The overall lowest point estimate for PC95 was obtained from 
SSD 2 using the Burr Type III distribution. With the exception of SSD 1, the value for PC95 
and less protective concentrations generally increased as the input of data into each SSD 
increased (Figures 2.1, 2.2 and 2.3). From SSD 2 to SSD 3 and from SSD 4 to SSD 5 these 
increases are small, however when comparing SSD 2 directly to SSD 5, differences in PC95 
and less protective concentrations are larger and, in the case of PC95, close to double. SSD 1 
is not considered due to the small sample size. 
 
 
Figure 2.1 Kaplan-Meier function of the salinity sensitivity of macroinvertebrates 
expected from the Hunter River catchment. The + symbol on the survival function 
indicates a censored value. Kaplan-Meier survival functions are given for each species 
sensitivity distribution individually in Supplement 1, Figures S1 to S5. 
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Figure 2.2 Species sensitivity distributions of the salinity sensitivity of 
macroinvertebrates expected from the Hunter River catchment based on Bayesian 
model 1. Individual SSDs and their associated 90% credible intervals are given in 
Supplement 1, Figures S6 to S10. 
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Figure 2.3 Species sensitivity distributions of the salinity sensitivity of 
macroinvertebrates expected from the Hunter River catchment based on Bayesian 
model 2. Individual SSDs and their associated 90% credible intervals are given in 
Supplement 1, Figures S10 to S15. 
 
Order level changes in community composition 
Along the SSD 1 to SSD 5 gradient, the representativeness‟ of the macroinvertebrate 
community present in the Hunter River Catchment increases. This can be seen in Figure 2.4, 
where each point on the graph represents an order in a SSD. As data is added to each SSD 
and so the number of species present in each order increases, the points on the graph cluster 
towards the x=y line (i.e. the expected macroivertebrate community). SSD 5 is the 
macroinvertebrate community expected to be found in the Hunter River catchment, and the 
only SSD that contained representatives from all 24 orders present in the catchment (Figure 
2.4). In contrast, SSD 1 contained five orders, i.e. approximately 20% of the number of 
orders expected in the catchment (Table 2.5). 
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Figure 2.4 Comparison of macroinvertebrate orders known to occur in the Hunter 
River catchment to macroinvertebrate orders included in each species sensitivity 
distribution (SSD). Note: Each point represents an order in each SSD. The line 
represents both x=y and SSD 5. This is because SSD 5 contains all macroinvertebrate 
expected to occur in the community. As the SSD number increases, the difference 
between the points and the line of SSD 5 (the real community) decreases. 
 
SSDs 2 to 5 were dominated by insects; a single dominant insect order representing 20 to 
30% of the macroinvertebrate community in all cases (Table 2.5). SSD 1 was different from 
all other SSDs in that it contained only one species from each of the five orders it included. 
Each taxon in SSD 1 represented 20% of the community (Table 2.5), so that no single order 
was dominant. Additionally, Colepterans represented >10% of all SSD communities with the 
exception of SSD 1, where it was not included. SSD 1 was the only SSD where Decapods 
represented 10% or more of the macroinvertebrate assemblage. Decapoda, which are 
typically salt tolerant (Kefford et al., 2004a, Dunlop et al., 2008) accounted for only 2% of 
the actual community of the catchment (i.e. SSD 5) (see Supplement 1, Table S2). 
The highest proportion of Ephemeroptera occurred in SSDs 1 (20%) and 2 (11%). This order 
tends to be salt sensitive (Kefford et al., 2003, Kennedy et al., 2004, Palmer et al., 2004, 
Dunlop et al., 2008, Kefford et al., 2012). SSDs 3, 4 and 5 were dominated by Dipterans and 
Trichopterans, which are typically more salt tolerant than Ephemeroptera. For example, the 
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geomean of 72 hour LC50s (from published data included in this study) for Diptera was 15.2 
mS/cm (n=25), and for Trichopetera was 17.2 mS/cm (n=26), compared with a geomean of 
11.7 mS/cm (n=36) for Ephemeroptera. 
 
Table 2.5 Community composition of each species sensitivity distribution (SSD) when 
taxa were grouped in their order
a
  
SSD 
Dominant 
order
b 
% of the 
community 
Number of 
species 
1
c 
Ephemeroptera 20 1 
 Decapoda 20 1 
 Diptera 20 1 
 Basommatophra 20 1 
  Lumbriculida 20 1 
2 Trichoptera 22 12 
 Coleoptera 19 10 
  Ephemeroptera 11 6 
3 Diptera 21 24 
 Trichoptera 17 19 
 Hemiptera 13 14 
  Coleoptera 13 15 
4 Trichoptera 21 43 
 Diptera 15 31 
 Coleoptera 15 31 
  Hemiptera 11 23 
5 Trichoptera 28 127 
 Diptera 20 88 
  Coleoptera 12 54 
a
 Full listing of orders for all SSDs can be found in the Supplement 1, Table S2. 
b Orders contributing ≥10% are shown here. c The entire community for SSD 1 is given here. 
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Taxonomic distinctness 
The average taxonomic distinctness of SSDs 1 (p=0.014), 2 (p=0.008), and 4 (p=0.022) were 
statistically different from the entire community of the catchment (SSD 5) (Figure 2.5).  The 
average taxonomic distinctness of SSD 3 was not statistically different from the entire 
community (p=0.052). There was a clear (statistically significant) difference between the 
phylogenetic trees of SSDs 2, 3 and 4 relative to the entire community (SSD 5) (p=0.002 for 
all SSDs) (Figure 2.6). There was no statistical difference in the phylogenetic trees of SSDs 1 
and 5 (p=0.737); however, wide confidence limits reduced the likelihood of detecting change 
here. 
 
 
Figure 2.5 Average taxonomic distinctness of the community of species included in each 
of the five species sensitivity distributions (SSDs). The straight middle line indicates 
average biodiversity for SSD 5 (the full community of the region). Points show 
departure from the diversity of SSD 5 for all other SSDs. Outside lines indicate 95% 
confidence limits (CL). Points falling outside of the 95% CL show that SSD to be 
statistically different to SSD 5. 
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Figure 2.6 Variation in taxonomic distinctness of the community of species included in 
each of the five species sensitivity distributions (SSDs). This graph shows the variation 
between phylogenetic trees for each SSD, where each SSD is compared to SSD 5 (middle 
line). Outside lines indicate 95% confidence limits (CL). Points falling outside of the 
95% CL show that SSD to be statistically different to SSD 5. 
 
Number of taxa with sensitivity exceeding the expected community PC95 
The estimated PC95 ranges for each SSD were compared to the expected community 
assemblage list. The number of species with sensitivity exceeding each PC95 range were 
noted. The number of species at risk using the PC95 range from SSD 1 was a maximum of 26 
species. This was similar for SSD 2 (around 30 species). For SSD 3, 30 to 40 species were at 
risk. For SSDs 4, the number of species at risk was around 50 to 70, and 70 to 100 for SSD 5. 
 
Discussion 
There are various opinions on what data should be used to compile SSDs (e.g. Warne, 2001, 
Duboudin et al., 2004). Early protocols exclude all data that does not conform to high data 
quality standards (e.g. Warne, 2001). Recently, ecotoxicologists have argued for the inclusion 
of data conventionally regarded as being of lower quality, but including data from more 
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species and a mix of species that better reflects the mix of species in specific environments 
(e.g. Kefford et al., 2005b, Morton et al., 2008). Additionally, Bayesian statistics have 
recently been used to improve the community representativeness of sensitivity data included 
in SSDs (Hickey et al., 2008, Kefford et al., 2012). Despite these discussions on data type for 
use in SSDs, there have been no comparisons of the possible implications of the tradeoff 
between data quality and number of species included in a SSD (but see Hickey et al., 2008, as 
a partial exception).  
 
Data quantity 
A SSD populated with a minimum of 10 to 15 species should yield a  reliable PC95 value 
(CCME., 2007, Wheeler et al., 2002). However, Newman et al. (2000) found between 15 to 
55 species (median of 30) are needed for a PC95 value. In the current study, SSDs 3 to 5 
contained sensitivity estimates from ≥55 species (55 species being greater than the maximum 
estimate of the minimum number of species needed for a SSD). SSD 1, using chronic lethal 
or sub-lethal data, however, contained only five species and did not meet the above minimum 
sample size requirement. SSDs containing less than 10 sensitivity values incur the greatest 
variability in model output and can produce unreliable estimates of protective concentrations 
(Wheeler et al., 2002). Thus, the inclusion of censored estimates of sensitivity can complete 
other non-censored datasets to help meet and exceed minimum data requirements (CCME., 
2007), and assist in increasing the confidence of reliable PCp estimates. However, data 
quality screening procedures of some current protocols, for example (ANZECC. and 
ARMCANZ., 2000), do not allow the use of censored data in the derivation of water quality 
guidelines. 
 
Data choice and quality 
Pooling a mixture of chronic lethal and sub-lethal endpoints to build a SSD allows utilisation 
of the full suite of available “most sensitive” data. This could be seen as an advantage of SSD 
1, where additionally, the bias towards mortality as an endpoint (Newman et al., 2000) is 
removed. A mixture of endpoints is valid because we know that species have different 
sensitivities at different endpoints, and we are concerned with using toxicity values that best 
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represent the sensitivity of each species. Interestingly, despite using the most sensitive data 
available, SSD 1 did not estimate the most conservative protective concentrations.  
Some countries, e.g. Australia and New Zealand, apply a rigorous data quality screening 
process (Warne, 2001) for the derivation of water quality guidelines. Other countries, e.g. 
Canada, are more relaxed about the quality of data used in water quality guideline derivation 
(CCME., 2007). Strict protocols, such as ANZECC and ARMCANZ (2000), producing PC‟s 
of high reliability are ideal when sensitivity datum exists for a sufficient number of species 
that are representative of real communities. However, at least for salinity, insufficient chronic 
data are available in published literature to compile a SSD of high reliability. Datasets are 
often further reduced when the aim is to conduct a site specific risk assessment. Therefore, 
the practicality of such strict protocols is currently hindered by the quantity and quality of 
available sensitivity data.  
According to data quality, Warne (2001) classifies protective concentrations from SSD 1 and 
2 as moderately reliable; however SSD 1 did not meet minimum data requirements. SSD 2 
contained sufficient species for reliable PCp estimates, but taxonomic distinctness analysis 
showed a significant departure from the known biodiversity of the catchment (SSD 5). 
Additionally, the community structure of SSD 2 differed from what was known to occur in 
the catchment, with only 12% of the taxa known to occur being represented (Table 2.2). 
Following Warne (2001), SSDs 3 to 5 would be excluded from the generation of PC‟s 
because of the inclusion of censored data. But the data used in SSDs 3 to 5, were considered 
as taken from studies of the highest reliability as per Wheeler et al. (Wheeler et al., 2002) 
because they used published methods, reported satisfactory control performance and 
measured test solution concentrations. 
Ecological harm cannot arise from the use of right censored data because we know that the 
toxicity of a contaminant to a given species will be greater than the right censored value 
included in the SSD. Although uncertainty is inherent in censored data, replacing right 
censored data with modeled point estimates could only result in the generation of higher PC 
estimates. Right censored data are conditionally acceptable for Canadian Water Quality 
Guidelines (CCME., 2007). However, following other protocol, right censored data are 
excluded from the derivation of protective concentrations (Warne, 2001). This is despite the 
fact that the inclusion of such data will not produce an under protective guideline (CCME., 
2007).  
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In the current study, SSDs 2 to 5 contain extrapolated sensitivity data. For SSD 2 
extrapolations occur only using uncensored data. Uncensored and censored data were 
combined, and geomeans applied, for extrapolations in SSDs 3 to 5. There was an increase in 
the values of PCp once censored data was included in extrapolations (i.e from SSD 3 to SSD 
5). Given the wide range of salt sensitivities within some macroinvertebrate families (for 
example, 72h LC50 of Leptophlebiidae ranges from 6.9 to greater than 20 mS/cm, see 
Supplement 1, Table S3), uncertainty about under/overestimations could occur when 
extrapolating any sensitivity value to related species. This uncertainty can exist irrespective 
of whether or not the extrapolations contain censored data. 
By compiling a site-specific macroinvertebrate full community list it is possible to view the 
taxa whose sensitivity exceeds a given PCp. This is useful when considering the ecological 
impacts resulting from the loss of certain species or specific functional groups, and is 
particularly important when an aim is the protection of certain taxa or functional groups. The 
compilation of a full macroinvertebrate community assemblage list and associated sensitivity 
data also identifies the taxa for which sensitivity data are lacking. Identifying areas where 
there is an absence of sensitivity data provides a framework for further data collection 
(USEPA., 1998), and this is important for the improvement of risk assessment. Currently, 
there is little incentive to fund research on single species toxicity testing. However without 
new data it is difficult, or even impossible as in the case of salinity in the Hunter Catchment, 
to generate PC‟s that are considered to be of high reliability.  
 
Comparison of estimated protective concentrations 
When the focus of risk assessment is only environmental protection, it is natural to apply the 
most conservative PCp. However, often risk assessment is required for achieving a balance 
between environmental integrity and an area‟s social or economic development. When this is 
the case, what is required is a “true” protective concentration, rather than the most 
conservative. In this study, the most conservative protective concentrations were estimated 
from SSDs 1 and 2. Yet, these PCs may not be closest to the concentrations that in reality will 
protect p% of the Hunter River catchment macroinvertebrate assemblage, because these SSDs 
included only 1 and 12% of the known macroinvertebrate community, respectively. 
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Overall, the most sensitive protective concentrations were obtained from SSDs where 
Ephemeropterans represented greater than ten percent of the macroinvertebrate assemblage. 
Protective concentrations from SSDs 3, 4 and 5 were most similar, and these SSDs were 
dominated by Trichopterans, Dipterans and Coleopterans. Similarly, Duboudin et al. 
(Duboudin et al., 2004) found that taxonomic groups had the greatest effect on determining 
hazardous concentrations.  
There was an increase in PC95 values when censored data was included in the SSDs. 
Censored data are obtained for rare taxa, and the majority taxa are rare (Metzeling, 1993, 
Kefford et al., 2005b). By rare we mean the species that occur in the field in low abundance, 
and therefore, are unable to be collected in numbers that allow for STT. Conversely, common 
taxa are those which can be field collected in numbers sufficient to run STT (Kefford et al., 
2003). The relationship between species rarity and salt sensitivity has been investigated 
(Kefford et al., 2003, Kefford et al., 2005b, Kefford et al., 2012). Rare macroinvertebrate 
species tend to be more salt tolerant (mean 72 hour LC50 of 37 mS/cm) than common species 
(mean 72 hour LC50 of 21 mS/cm) (Kefford et al., 2003). Therefore, in the current study, the 
increase in PC95 as censored data is added to each SSD is consistent with the inclusion of 
sensitivity data from the testing of rare species. 
An ecological risk assessment dataset assumes that included taxa are actually representative 
of the aquatic community for which the risk assessment is being undertaken. A probabilistic 
assessment of the risk of elevated salinity to freshwater biota in the Hunter River catchment 
recommended a PC95 of 1100 mg/L (Muschal, 2006) or 1.46 mS/cm (see Kefford et al., 
2003). A PC95 of 1.46 mS/cm is most similar to the PC95 from generated from SSD 2 
Bayesian model 2 in the current study (1.40 mS/cm). Muschal‟s (Muschal, 2006) PC95 was 
generated from a relatively small dataset (n=12) using acute lethal data and no safety factor, 
dominated by vertebrates (fish and frogs), which are generally more salt tolerant than 
macroinvertebrates (Hart et al., 1991, Muschal, 2006). Although the species included in a 
SSD may be known to occur within a given community, it is unlikely that a small dataset will 
reflect the structure of the natural community. In general, in a community containing three 
tropic levels, about 64% of species will occupy the first tropic level, 26% will occupy the 
second level, and 10% will occupy the third level (Forbes and Calow, 2002). Vertebrates are 
not structurally dominant in the Hunter river catchment (as in Muschal, 2006). Likewise 
macroinvertebrate community composition is not evenly distributed across a small number of 
orders (as in SSD 1 for the current study).   
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Comparison of SSDs 
Four types of statistical models were used to explore the SSDs. Uncertainty in the sensitivity 
values used to populate each SSDs increased with an increase in SSD number. SSD 1 was 
populated with species level sensitivity data conventionally regarded as of the highest quality; 
however because SSD contained only five sensitivity values, the confidence and credibility 
intervals of the estimated PCp‟s were the widest due to uncertainty in the model fitting. With 
increasing relaxing of the „rules‟ for allowing data to be used in the SSDs the number of 
(replicate) species increased and thus the confidence and credibility intervals of the estimated 
PCp‟s decreased. However, these intervals only incorporate uncertainty as to the model fit 
given that there is no uncertainty in the data used. That is, the SSDs and the intervals assume 
that there is no uncertainty in each of the individual species sensitivity estimates, when in fact 
there is uncertainty in all ecotoxicological data (Forbes and Calow, 2002). The problem with 
the SSDs examined here is that this uncertainty will increase somewhat in the SSDs with 
more species because of greater use of the RTT method, extrapolations between taxonomic 
groups, uncertainty of the true ACR. This uncertainty is not captured in the confidence and 
credibility intervals and should be investigated further.  
The Burr Type III distribution method generates confidence intervals on the PC values, but 
this method cannot deal with right censored or interval (without assuming the mid-point) 
data. The Kaplan-Meier survival function allows the inclusion of right censored data; 
however uncertainties were introduced for interval data as we assumed the mid-point (Forbes 
and Calow, 2002). In addition, uncertainty exists around estimated PCps because the Kaplan-
Meier method does not provide associated confidence intervals, instead the confidence 
intervals are provided around the proportion of species protected. Bayesian model 1 and 
model 2 improve the uncertainty associated with both right and interval censored data. 
 
Community representativeness 
The species included in a SSD are supposed to represent the community of a given ecosystem 
(Schmitt-Jansen et al., 2008). However, included species are usually not derived from any 
known community, creating uncertainty when interpreting ecological implications from the 
results (Forbes and Calow, 2002). In this study the species included in all SSDs are known to 
occur in the Hunter, but SSD 5 best represents the actual macroinvertebrate community 
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assemblage because it included all taxa known from an area survey (Chessman et al., 1997). 
By compiling a SSD of the known macroinvertebrate community we are better able to 
estimate an ecologically relevant effects threshold for salinity in the Hunter River catchment, 
and therefore contribute to the improvement of risk assessment (Forbes and Calow, 2002). 
In the context of this study, we show that with a decrease in dataset size there is a decrease in 
the community representativeness of the SSD. For example SSD 1 contained only 20% of the 
orders known to occur within the Hunter, and SSDs 1 to 4 completely omitted orders that 
occur in this region. Furthermore, despite containing 45% of the taxa known to occur in the 
region, the average taxonomic distinctness and phylogenetic tree of SSD 4 were still 
statistically different to those of SSD 5 (see Figures 5 and 6). 
 
Conclusion 
In this paper we look at what happens when different types of data are used in a SSD. 
Although standard data quality control criteria (Warne, 2001, Wheeler et al., 2002) rate the 
rapid toxicity testing methodology (from which most data presented here originated) as high, 
there is uncertainty regarding the reliability of data generated from such tests for use in risk 
assessment. However, in the present study, we show that a decrease in the number of species 
included in a SSD, decreases community representativeness. We also show that taxonomic 
groups had the greatest effect on estimated protective concentrations. Because the dominant 
taxonomic group is the prime determinant of protective concentrations, it is important to 
compile SSDs that reflect the natural biotic assemblage of the area to be protected. Currently, 
at least for salinity, there are insufficient data of (conventionally regarded) high quality to 
populate local, full macroinvertebrate community assemblage lists. Until sufficient point 
estimate data are available, we support the inclusion of right censored data in risk assessment. 
The addition of right censored data, will increase the power of statistical analysis, and will 
not result in under protective concentrations. The addition of right censored data will also 
provide a more representative sample of species from which to estimate ecologically relevant 
protective concentrations, and will therefore improve current risk assessment methods. 
Further research into how to use data in a SSD will further improve risk assessment methods.    
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Supplement 1: Supplemental data 
Risk assessment using the species sensitivity distribution method: data quality vs. data quantity. 
 
Table S1. Stream macroinvertebrate taxa collected from or likely to occur in the Hunter River catchment 
Phylum Class Order Family Genus species Reference 
Annelida Clitellata Arhynchobdellida Erpobdellidae Unknown (Chessman et al., 1997) 
Annelida Clitellata Rhynchobdellida Glossiphoniidae Unknown (Chessman et al., 1997) 
Annelida Oligochaeta Haplotaxidae Enchytraeidae Unknown (Chessman et al., 1997) 
Annelida Oligochaeta Lumbriculida Lumbriculidae Lumbriculus sp. (Chessman et al., 1997) 
Annelida Oligochaeta Tubificida Naididae Dero sp. (Chessman et al., 1997) 
Annelida Oligochaeta Tubificida Naididae Nais sp. (Chessman et al., 1997) 
Annelida Oligochaeta Tubificida Naididae Pristina sp. (Chessman et al., 1997) 
Annelida Oligochaeta Tubificida Tubificidae Branchiura sp. (Chessman et al., 1997) 
Arthropoda Arachnida Acarina Anisitsiellidae Anisitsiellides circularis (Harvey, 1990) 
Arthropoda Arachnida Acarina Arrenuridae Arrenurus sp. (Chessman et al., 1997) 
Arthropoda Arachnida Acarina Eylaidae Eylais sp. (Chessman et al., 1997) 
Arthropoda Arachnida Acarina Limnesiidae Limnesia sp. (Chessman et al., 1997) 
Arthropoda Arachnida Acarina Mideopsidae Gretacarus sp. (Chessman et al., 1997) 
Arthropoda Arachnida Acarina Oxidae Oxus sp. (Chessman et al., 1997) 
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Phylum Class Order Family Genus species Reference 
Arthropoda Arachnida Acarina Pionadae Piona sp. (Chessman et al., 1997) 
Arthropoda Arachnida Acarina Unionicolidae Koenikea sp. (Chessman et al., 1997) 
Arthropoda Arachnida Acarina Unionicolidae Neumania sp. (Chessman et al., 1997) 
Arthropoda Arachnida Acarina Unionicolidae Recifella sp. (Chessman et al., 1997) 
Arthropoda Crustacea Amphipoda Ceinidae Austrochiltonia australis 
(Chessman et al., 1997, 
Williams, 1962) 
Arthropoda Crustacea Amphipoda Corophiidae Corophium sp. (Chessman et al., 1997) 
Arthropoda Crustacea Amphipoda Eusiridae Paraleptamphopus sp. (Chessman et al., 1997) 
Arthropoda Crustacea Amphipoda Talitridae Acritalitrus sp. (Chessman et al., 1997) 
Arthropoda Crustacea Amphipoda Talitridae Eorchestria sp. (Chessman et al., 1997) 
Arthropoda Crustacea Decapoda Atyidae Australatya striolata (Chessman et al., 1997) 
Arthropoda Crustacea Decapoda Atyidae Paratya australiensis 
(Chessman et al., 1997, 
Gooderham and Tsyrlin, 2002) 
Arthropoda Crustacea Decapoda Palaemonidae Macrobrachium australiense 
(Horwitz, 1995, Chessman et al., 
1997) 
Arthropoda Crustacea Decapoda Parastacidae Cherax DA2 
(Sokol, 1988, Horwitz, 1995, 
Chessman et al., 1997) 
Arthropoda Crustacea Decapoda Parastacidae Cherax destructor 
(Sokol, 1988, Horwitz, 1995, 
Chessman et al., 1997) 
Arthropoda Crustacea Decapoda Parastacidae Cherax RO2 
(Sokol, 1988, Horwitz, 1995, 
Chessman et al., 1997) 
Arthropoda Crustacea Decapoda Parastacidae Cherax rotundus 
(Sokol, 1988, Horwitz, 1995, 
Chessman et al., 1997) 
Arthropoda Crustacea Decapoda Parastacidae Euastacus australasiensis 
(Horwitz, 1995, Chessman et al., 
1997) 
Arthropoda Crustacea Decapoda Parastacidae Euastacus neohirsutus 
(Horwitz, 1995, Chessman et al., 
1997) 
Arthropoda Crustacea Decapoda Parastacidae Euastacus polysetosus 
(Riek, 1969, Horwitz, 1995, 
Chessman et al., 1997) 
Arthropoda Crustacea Decapoda Parastacidae Euastacus reductus 
(Riek, 1969, Horwitz, 1995, 
Chessman et al., 1997) 
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Phylum Class Order Family Genus species Reference 
Arthropoda Crustacea Isopoda Sphaeromatidae Cymodetta sp. (Chessman et al., 1997) 
Arthropoda Crustacea Isopoda Sphaeromatidae Pytosphaera sp. (Chessman et al., 1997) 
Arthropoda Crustacea Isopoda Sphaeromatidae Sphaeromopsis sp. (Chessman et al., 1997) 
Arthropoda Insecta Coleoptera Dytiscidae Allodessus sp. 
(Watts, 1978, Chessman et al., 
1997, Watts, 2002) 
Arthropoda Insecta Coleoptera Dytiscidae Antiporus bakewelli 
(Watts, 1978, Chessman et al., 
1997, Watts, 2002) 
Arthropoda Insecta Coleoptera Dytiscidae Antiporus gilbertii 
(Watts, 1978, Chessman et al., 
1997, Watts, 2002) 
Arthropoda Insecta Coleoptera Dytiscidae Barretthydrus geminatus 
(Watts, 1978, Chessman et al., 
1997, Watts, 2002) 
Arthropoda Insecta Coleoptera Dytiscidae Barretthydrus stepheni 
(Watts, 1978, Chessman et al., 
1997, Watts, 2002) 
Arthropoda Insecta Coleoptera Dytiscidae Barretthydrus tibialis 
(Watts, 1978, Chessman et al., 
1997, Watts, 2002)  
Arthropoda Insecta Coleoptera Dytiscidae Batrachomatus daemeli 
(Watts, 1978, Chessman et al., 
1997, Watts, 2002) 
Arthropoda Insecta Coleoptera Dytiscidae Chostonectes gigas 
(Watts, 1978, Chessman et al., 
1997, Watts, 2002) 
Arthropoda Insecta Coleoptera Dytiscidae Chostonectes sharpi 
(Watts, 1978, Chessman et al., 
1997, Watts, 2002) 
Arthropoda Insecta Coleoptera Dytiscidae Copelatus australiae 
(Watts, 1978, Chessman et al., 
1997, Watts, 2002) 
Arthropoda Insecta Coleoptera Dytiscidae Copelatus ferrugineus 
(Watts, 1978, Chessman et al., 
1997, Watts, 2002) 
Arthropoda Insecta Coleoptera Dytiscidae Copelatus melanarius 
(Watts, 1978, Chessman et al., 
1997, Watts, 2002) 
Arthropoda Insecta Coleoptera Dytiscidae Copelatus rasilis 
(Watts, 1978, Chessman et al., 
1997, Watts, 2002) 
Arthropoda Insecta Coleoptera Dytiscidae Hydrovatus armstrongi 
(Watts, 1978, Chessman et al., 
1997, Watts, 2002) 
Arthropoda Insecta Coleoptera Dytiscidae Hyphydrus elegans 
(Watts, 1978, Chessman et al., 
1997) 
Arthropoda Insecta Coleoptera Dytiscidae Laccophillus religatus (Watts, 1978) 
Arthropoda Insecta Coleoptera Dytiscidae Lancetes sp. 
(Watts, 1978, Chessman et al., 
1997, Watts, 2002) 
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Phylum Class Order Family Genus species Reference 
Arthropoda Insecta Coleoptera Dytiscidae Limbodessus compuctas 
(Watts, 1978, Chessman et al., 
1997, Watts, 2002) 
Arthropoda Insecta Coleoptera Dytiscidae Megaporus nutivigi 
(Watts, 1978, Chessman et al., 
1997, Watts, 2002) 
Arthropoda Insecta Coleoptera Dytiscidae Necterosoma penicillatus 
(Watts, 1963, Watts, 1978, 
Chessman et al., 1997, Watts, 
2002) 
Arthropoda Insecta Coleoptera Dytiscidae Necterosoma schmelzi 
(Watts, 1978, Chessman et al., 
1997, Watts, 2002) 
Arthropoda Insecta Coleoptera Dytiscidae Necterosoma wollastoni 
(Watts, 1978, Chessman et al., 
1997, Watts, 2002) 
Arthropoda Insecta Coleoptera Dytiscidae Paroster sp. 
(Watts, 1978, Chessman et al., 
1997, Watts, 2002) 
Arthropoda Insecta Coleoptera Dytiscidae Platynectes decempunctatus 
(Watts, 1963, Watts, 1978, 
Chessman et al., 1997, Watts, 
2002) 
Arthropoda Insecta Coleoptera Dytiscidae Rhantus suturalis 
(Watts, 1978, Chessman et al., 
1997, Watts, 2002) 
Arthropoda Insecta Coleoptera Dytiscidae Sternopriscus hansardi 
(Chessman et al., 1997, Watts, 
1978, Watts, 2002) 
Arthropoda Insecta Coleoptera Dytiscidae Sternopriscus tarsalis 
(Chessman et al., 1997, Watts, 
1978, Watts, 2002) 
Arthropoda Insecta Coleoptera Dytiscidae Sternopriscus wennckei 
(Chessman et al., 1997, Watts, 
1978, Watts, 2002) 
Arthropoda Insecta Coleoptera Elmidae Austrolimnius sp. (Chessman et al., 1997) 
Arthropoda Insecta Coleoptera Elmidae Coxelmis sp. 
(Chessman et al., 1997, 
Glaister, 1999) 
Arthropoda Insecta Coleoptera Elmidae Hydora sp. 
(Chessman et al., 1997, 
Glaister, 1999) 
Arthropoda Insecta Coleoptera Elmidae Kingolus sp. 
(Chessman et al., 1997, 
Glaister, 1999) 
Arthropoda Insecta Coleoptera Elmidae Notriolus sp. 
(Chessman et al., 1997, 
Glaister, 1999) 
Arthropoda Insecta Coleoptera Elmidae Ovolara australis 
(Chessman et al., 1997, 
Glaister, 1999) 
Arthropoda Insecta Coleoptera Elmidae Simsonia sp. 
(Chessman et al., 1997, 
Glaister, 1999) 
Arthropoda Insecta Coleoptera Gyrinidae Aulonogyrus sp. 
(Chessman et al., 1997, Watts, 
2002) 
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Phylum Class Order Family Genus species Reference 
Arthropoda Insecta Coleoptera Gyrinidae Macrogyrus sp. (Chessman et al., 1997) 
Arthropoda Insecta Coleoptera Haliplidae Haliplus testudo 
(Chessman et al., 1997, Watts, 
2002) 
Arthropoda Insecta Coleoptera Hydraenidae Limnebius sp. (Chessman et al., 1997) 
Arthropoda Insecta Coleoptera Hydrochidae Hyrochus sp. (Chessman et al., 1997) 
Arthropoda Insecta Coleoptera Hydrophilidae Berosus approximans 
(Watts, 1987, Chessman et al., 
1997) 
Arthropoda Insecta Coleoptera Hydrophilidae Berosus australiae 
(Watts, 1987, Chessman et al., 
1997) 
Arthropoda Insecta Coleoptera Hydrophilidae Berosus involutus 
(Watts, 1987, Chessman et al., 
1997) 
Arthropoda Insecta Coleoptera Hydrophilidae Berosus nutans 
(Watts, 1987, Chessman et al., 
1997) 
Arthropoda Insecta Coleoptera Hydrophilidae Berosus pulchellus 
(Watts, 1987, Chessman et al., 
1997) 
Arthropoda Insecta Coleoptera Hydrophilidae Berosus queenslandicus 
(Watts, 1987, Chessman et al., 
1997) 
Arthropoda Insecta Coleoptera Hydrophilidae Berosus veronicae 
(Watts, 1987, Chessman et al., 
1997) 
Arthropoda Insecta Coleoptera Hydrophilidae Enochrus maculiceps 
(Chessman et al., 1997, Watts, 
1998) 
Arthropoda Insecta Coleoptera Hydrophilidae Enochrus elongulatus 
(Chessman et al., 1997, Watts, 
1998) 
Arthropoda Insecta Coleoptera Hydrophilidae Helochares tristis 
(Anderson, 1976, Chessman et 
al., 1997) 
Arthropoda Insecta Coleoptera Hydrophilidae Parasymus sp. (Chessman et al., 1997) 
Arthropoda Insecta Coleoptera Psephenidae Sclerocyphon striatus 
(Davis, 1986, Chessman et al., 
1997) 
Arthropoda Insecta Coleoptera Ptilodactylidae Byrrocryptus sp. (Chessman et al., 1997) 
Arthropoda Insecta Coleoptera Scritidae Cyphon sp. (Chessman et al., 1997) 
Arthropoda Insecta Diptera Athericidae Dasyomma sp. 
(Metzeling, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Diptera Athericidae Dasyomma sp. 
(Metzeling, 1988, Chessman et 
al., 1997) 
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Phylum Class Order Family Genus species Reference 
Arthropoda Insecta Diptera Athericidae Dasyomma sp. 
(Metzeling, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Diptera Athericidae Dasyomma sp. 
(Metzeling, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Diptera Athericidae Dasyomma sp. 
(Metzeling, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Diptera Blephariceridae Apistomyia tonnoiri 
(Zwick, 1977, Chessman et al., 
1997) 
Arthropoda Insecta Diptera Blephariceridae Edwardsina australiensis 
(Zwick, 1977, Chessman et al., 
1997) 
Arthropoda Insecta Diptera Blephariceridae Edwardsina bubalus 
(Zwick, 1977, Chessman et al., 
1997) 
Arthropoda Insecta Diptera Blephariceridae Edwardsina gigantea 
(Zwick, 1977, Chessman et al., 
1997) 
Arthropoda Insecta Diptera Blephariceridae Parapistomyia aft bulbifera 
(Zwick, 1977, Chessman et al., 
1997) 
Arthropoda Insecta Diptera Ceratopogonidae Bezzia australiensis 
(Debenham, 1978, Chessman et 
al., 1997) 
Arthropoda Insecta Diptera Ceratopogonidae Dasyhelea sp. 
(Debenham, 1978, Chessman et 
al., 1997) 
Arthropoda Insecta Diptera Ceratopogonidae Dasyhelea sp. 
(Debenham, 1978, Chessman et 
al., 1997) 
Arthropoda Insecta Diptera Ceratopogonidae Dasyhelea sp. 
(Debenham, 1978, Chessman et 
al., 1997) 
Arthropoda Insecta Diptera Ceratopogonidae Dasyhelea sp. 
(Debenham, 1978, Chessman et 
al., 1997) 
Arthropoda Insecta Diptera Ceratopogonidae Forcipomyia sp. 
(Debenham, 1978, Chessman et 
al., 1997) 
Arthropoda Insecta Diptera Ceratopogonidae Forcipomyia sp. 
(Debenham, 1978, Chessman et 
al., 1997) 
Arthropoda Insecta Diptera Ceratopogonidae Forcipomyia sp. 
(Debenham, 1978, Chessman et 
al., 1997) 
Arthropoda Insecta Diptera Ceratopogonidae Forcipomyia sp. 
(Debenham, 1978, Chessman et 
al., 1997) 
Arthropoda Insecta Diptera Ceratopogonidae Forcipomyia sp. 
(Debenham, 1978, Chessman et 
al., 1997) 
Arthropoda Insecta Diptera Ceratopogonidae Forcipomyia sp. 
(Debenham, 1978, Chessman et 
al., 1997) 
Arthropoda Insecta Diptera Ceratopogonidae Forcipomyia sp. 
(Debenham, 1978, Chessman et 
al., 1997) 
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Phylum Class Order Family Genus species Reference 
Arthropoda Insecta Diptera Ceratopogonidae Forcipomyia sp. 
(Debenham, 1978, Chessman et 
al., 1997) 
Arthropoda Insecta Diptera Ceratopogonidae Nilobezzia sp. 
(Debenham, 1974, Chessman et 
al., 1997) 
Arthropoda Insecta Diptera Ceratopogonidae Nilobezzia sp. 
(Debenham, 1974, Chessman et 
al., 1997) 
Arthropoda Insecta Diptera Ceratopogonidae Nilobezzia sp. 
(Debenham, 1974, Chessman et 
al., 1997) 
Arthropoda Insecta Diptera Ceratopogonidae Nilobezzia sp. 
(Debenham, 1974, Chessman et 
al., 1997) 
Arthropoda Insecta Diptera Ceratopogonidae Nilobezzia sp. 
(Debenham, 1974, Chessman et 
al., 1997) 
Arthropoda Insecta Diptera Ceratopogonidae Nilobezzia sp. 
(Debenham, 1974, Chessman et 
al., 1997) 
Arthropoda Insecta Diptera Ceratopogonidae Nilobezzia sp. 
(Debenham, 1974, Chessman et 
al., 1997) 
Arthropoda Insecta Diptera Ceratopogonidae Pellucidomyia leei 
(Debenham, 1970, Chessman et 
al., 1997) 
Arthropoda Insecta Diptera Chironomidae Chironomus sp. (Chessman et al., 1997) 
Arthropoda Insecta Diptera Chironomidae Dicrotendipes cumberlandensis 
(Cranston, 1996, Chessman et 
al., 1997) 
Arthropoda Insecta Diptera Chironomidae Paratanytarsus grimmii (Cranston, 1996) 
Arthropoda Insecta Diptera Chironomidae Paratanytarsus kathleenae (Cranston, 1996) 
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Phylum Class Order Family Genus species Reference 
Arthropoda Insecta Diptera Chironomidae Riethia stictoptera 
(Cranston, 1996, Chessman et 
al., 1997) 
Arthropoda Insecta Diptera Chironomidae Rheotanytarsus juliae 
(Cranston, 1996, Chessman et 
al., 1997) 
Arthropoda Insecta Diptera Chironomidae Tanytarsus belairensis 
(Cranston, 1996, Chessman et 
al., 1997) 
Arthropoda Insecta Diptera Culicidae Anopheles sp. (Chessman et al., 1997) 
Arthropoda Insecta Diptera Culicidae Culex sp. (Chessman et al., 1997) 
Arthropoda Insecta Diptera Diamesinae Paraheptagyia tonnoiri 
(Cranston, Chessman et al., 
1997) 
Arthropoda Insecta Diptera Dixidae Dixella humeralis 
(Cranston, Chessman et al., 
1997, Ogawa et al., 2004) 
Arthropoda Insecta Diptera Dolichopodidae Antyx fagina 
(Chessman et al., 1997, Bickel, 
1999) 
Arthropoda Insecta Diptera Dolichopodidae Teuchophorus longifrons 
(Bickel, 1983, Chessman et al., 
1997) 
Arthropoda Insecta Diptera Empididae Empis sp. 
(Soos and Papps, 1989, 
Chessman et al., 1997) 
Arthropoda Insecta Diptera Empididae Hilara sp. 
(Soos and Papps, 1989, 
Chessman et al., 1997) 
Arthropoda Insecta Diptera Ephydridae Unknown (Chessman et al., 1997) 
Arthropoda Insecta Diptera Muscidae Unknown (Chessman et al., 1997) 
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Phylum Class Order Family Genus species Reference 
Arthropoda Insecta Diptera Orthocladiinae Cardiocladius australiensis 
(Cranston, 1996, Chessman et 
al., 1997) 
Arthropoda Insecta Diptera Orthocladiinae Eukiefferiella insolita 
(Cranston, 1996, Chessman et 
al., 1997) 
Arthropoda Insecta Diptera Podonominae Podonomopsis evansi 
(Cranston, 1996, Chessman et 
al., 1997) 
Arthropoda Insecta Diptera Podonominae Podonomopsis GDR unid 
(Cranston, Chessman et al., 
1997) 
Arthropoda Insecta Diptera Podonominae Podonomopsis discoceros 
(Cranston, Chessman et al., 
1997) 
Arthropoda Insecta Diptera Psychodidae Paratelmatoscopus brevistylis 
(Duckhouse, 1966, Chessman 
et al., 1997) 
Arthropoda Insecta Diptera Simuliidae Austrosimulium sp. (Chessman et al., 1997) 
Arthropoda Insecta Diptera Simuliidae Simulium inornatum 
(Colbo, 1976, Chessman et al., 
1997) 
Arthropoda Insecta Diptera Simuliidae Simulium melatum 
(Colbo, 1976, Chessman et al., 
1997) 
Arthropoda Insecta Diptera Stratiomyidae Inopus rubiceps 
(Robertson, 1985, Chessman et 
al., 1997) 
Arthropoda Insecta Diptera Tabanidae Chrysops sp. 
(Mackerras, 1954, Chessman et 
al., 1997) 
Arthropoda Insecta Diptera Tabanidae Scaptia sp. 
(Mackerras, 1954, Chessman et 
al., 1997) 
Arthropoda Insecta Diptera Tabanidae Tabanus davidsoni 
(Mackerras, 1971, Chessman et 
al., 1997) 
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Arthropoda Insecta Diptera Tabanidae Tabanus parvicallosus 
(Mackerras, 1971, Chessman et 
al., 1997) 
Arthropoda Insecta Diptera Tanypodinae Ablabesmylia notabilis 
(Cranston, Cranston, 1996, 
Chessman et al., 1997) 
Arthropoda Insecta Diptera Tanypodinae Ablabesmylia hilli 
(Cranston, 1996, Chessman et 
al., 1997) 
Arthropoda Insecta Diptera Tanypodinae Apsectrotanypus sp. 
(Cranston, 1996, Chessman et 
al., 1997) 
Arthropoda Insecta Diptera Tanypodinae Apsectrotanypus sp. 
(Cranston, 1996, Chessman et 
al., 1997) 
Arthropoda Insecta Diptera Tanypodinae Apsectrotanypus sp. 
(Cranston, 1996, Chessman et 
al., 1997) 
Arthropoda Insecta Diptera Tanypodinae Coelopynia pruinosa 
(Cranston, Cranston, 1996, 
Chessman et al., 1997) 
Arthropoda Insecta Diptera Tanypodinae Djalmabatista sp. 
(Cranston, 1996, Chessman et 
al., 1997) 
Arthropoda Insecta Diptera Tanypodinae Fittkauimyia disparipes 
(Cranston, 1996, Chessman et 
al., 1997) 
Arthropoda Insecta Diptera Tanypodinae Paramerina levidensis 
(Roback, 1982a, Cranston, 
Chessman et al., 1997) 
Arthropoda Insecta Diptera Tanypodinae Pentaneura sp. 
(Cranston, 1996, Chessman et 
al., 1997) 
Arthropoda Insecta Diptera Tanypodinae Pentanearini genus D 
(Cranston, 1996, Chessman et 
al., 1997) 
Arthropoda Insecta Diptera Tanypodinae Procladius paludicola 
(Roback, 1982b, Cranston, 
1996, Chessman et al., 1997) 
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Arthropoda Insecta Diptera Tanypodinae Procladius martini 
(Roback, 1982b, Chessman et 
al., 1997) 
Arthropoda Insecta Diptera Thaumaleidae Austrothaumalea barrydayi 
(Theischinger, 1986, Chessman 
et al., 1997) 
Arthropoda Insecta Diptera Thaumaleidae Austrothaumalea capricornis 
(Theischinger, 1986, Chessman 
et al., 1997) 
Arthropoda Insecta Diptera Thaumaleidae Austrothaumalea cervulus 
(Theischinger, 1986, Chessman 
et al., 1997) 
Arthropoda Insecta Diptera Thaumaleidae Austrothaumalea denticulata 
(Theischinger, 1986, Chessman 
et al., 1997) 
Arthropoda Insecta Diptera Thaumaleidae Austrothaumalea mcalpinei 
(Theischinger, 1986, Chessman 
et al., 1997) 
Arthropoda Insecta Diptera Thaumaleidae Austrothaumalea minnamurrae 
(Theischinger, 1986, Chessman 
et al., 1997) 
Arthropoda Insecta Diptera Thaumaleidae Austrothaumalea spinosa 
(Theischinger, 1986, Chessman 
et al., 1997) 
Arthropoda Insecta Diptera Thaumaleidae Austrothaumalea tonnoiri 
(Theischinger, 1986, Chessman 
et al., 1997) 
Arthropoda Insecta Diptera Thaumaleidae Austrothaumalea zentae 
(Theischinger, 1986, Chessman 
et al., 1997) 
Arthropoda Insecta Diptera Thaumaleidae Niphta bickeli 
(Theischinger, 1986, Chessman 
et al., 1997) 
Arthropoda Insecta Diptera Thaumaleidae Niphta farecta 
(Theischinger, 1986, Chessman 
et al., 1997) 
Arthropoda Insecta Diptera Tipulidae Limonia sp. (Chessman et al., 1997) 
Arthropoda Insecta Diptera Tipulidae Molophilus sp. (Chessman et al., 1997) 
Arthropoda Insecta Ephemeroptera Baetidae Baetis sp. (Chessman et al., 1997) 
Arthropoda Insecta Ephemeroptera Baetidae Bungona sp. 
(Walton, 1988, Chessman et al., 
1997) 
Arthropoda Insecta Ephemeroptera Baetidae Centroptilum elongatum 
(Walton, 1988, Chessman et al., 
1997) 
Arthropoda Insecta Ephemeroptera Baetidae Cloeon fluviatile 
(Walton, 1988, Chessman et al., 
1997) 
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Arthropoda Insecta Ephemeroptera Caenidae Tasmanocoenis jillongi 
(Walton, 1988, Chessman et al., 
1997) 
Arthropoda Insecta Ephemeroptera Caenidae Tasmanocoenis tillyardi 
(Walton, 1988, Chessman et al., 
1997) 
Arthropoda Insecta Ephemeroptera Leptophlebiidae Atalomicria sp. 
(Chessman et al., 1997, Dean, 
1999) 
Arthropoda Insecta Ephemeroptera Leptophlebiidae Atalophlebia albiterminata 
(Walton, 1988, Chessman et al., 
1997) 
Arthropoda Insecta Ephemeroptera Leptophlebiidae Atalophlebia australasica 
(Walton, 1988, Chessman et al., 
1997) 
Arthropoda Insecta Ephemeroptera Leptophlebiidae Atalophlebia australis 
(Walton, 1988, Chessman et al., 
1997) 
Arthropoda Insecta Ephemeroptera Leptophlebiidae Atalophlebia darrunga 
(Walton, 1988, Chessman et al., 
1997) 
Arthropoda Insecta Ephemeroptera Leptophlebiidae Atalophlebia incerta 
(Walton, 1988, Chessman et al., 
1997) 
Arthropoda Insecta Ephemeroptera Leptophlebiidae Atalophlebia longicaudata 
(Walton, 1988, Chessman et al., 
1997) 
Arthropoda Insecta Ephemeroptera Leptophlebiidae Atalophlebia maculosa 
(Walton, 1988, Chessman et al., 
1997) 
Arthropoda Insecta Ephemeroptera Leptophlebiidae Atalophlebia pierda 
(Walton, 1988, Chessman et al., 
1997) 
Arthropoda Insecta Ephemeroptera Leptophlebiidae Atalophlebia tuhla 
(Walton, 1988, Chessman et al., 
1997) 
Arthropoda Insecta Ephemeroptera Leptophlebiidae Austrophlebioides pussillis 
(R. Dowse, pers. obs)(Dean, 
1999) 
Arthropoda Insecta Ephemeroptera Leptophlebiidae Austrophlebioides sp. (Dean, 1999) 
Arthropoda Insecta Ephemeroptera Leptophlebiidae Austrophlebioides sp. (Dean, 1999) 
Arthropoda Insecta Ephemeroptera Leptophlebiidae Austrophlebioides sp. (Dean, 1999) 
Arthropoda Insecta Ephemeroptera Leptophlebiidae Garinjuga sp. 
(Chessman et al., 1997, Dean, 
1999) 
Arthropoda Insecta Ephemeroptera Leptophlebiidae Jappa kutera 
(Walton, 1988, Chessman et al., 
1997) 
Arthropoda Insecta Ephemeroptera Leptophlebiidae Kirrara sp. 
(Chessman et al., 1997, Dean, 
1999) 
Arthropoda Insecta Ephemeroptera Leptophlebiidae Koornonga sp. 
(Chessman et al., 1997, Dean, 
1999) 
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Arthropoda Insecta Ephemeroptera Leptophlebiidae Koornonga sp. 
(Chessman et al., 1997, Dean, 
1999) 
Arthropoda Insecta Ephemeroptera Leptophlebiidae Koornonga sp. 
(Chessman et al., 1997, Dean, 
1999) 
Arthropoda Insecta Ephemeroptera Leptophlebiidae Neboissophlebia sp. 
(Chessman et al., 1997, Dean, 
1999) 
Arthropoda Insecta Ephemeroptera Leptophlebiidae Nousia parva 
(Walton, 1988, Chessman et al., 
1997) 
Arthropoda Insecta Ephemeroptera Leptophlebiidae Nousia pilosa 
(Walton, 1988, Chessman et al., 
1997) 
Arthropoda Insecta Ephemeroptera Leptophlebiidae Ulmerophlebia pipinna 
(Walton, 1988, Chessman et al., 
1997) 
Arthropoda Insecta Hemiptera Corixidae Agraptocorixia eurynome 
(Knowles, 1974, Chessman et 
al., 1997) 
Arthropoda Insecta Hemiptera Corixidae Micronecta batilla 
(Chen, 1965, Chessman et al., 
1997) 
Arthropoda Insecta Hemiptera Corixidae Micronecta carinata 
(Chen, 1965, Chessman et al., 
1997) 
Arthropoda Insecta Hemiptera Corixidae Micronecta gracilis 
(Chen, 1965, Chessman et al., 
1997) 
Arthropoda Insecta Hemiptera Corixidae Micronecta robusta 
(Chen, 1965, Chessman et al., 
1997) 
Arthropoda Insecta Hemiptera Corixidae Sigara subaevifrons 
(Lansbury, 1970, Chessman et 
al., 1997) 
Arthropoda Insecta Hemiptera Corixidae Sigara tadeuszi 
(Lansbury, 1970, Chessman et 
al., 1997) 
Arthropoda Insecta Hemiptera Corixidae Sigara truncatipala 
(Lansbury, 1970, Chessman et 
al., 1997) 
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Arthropoda Insecta Hemiptera Gelastocoridae Nerthra alaticollis 
(Todd, 1961, Nieser, 1977, 
Chessman et al., 1997) 
Arthropoda Insecta Hemiptera Gelastocoridae Nerthra annulipes 
(Todd, 1961, Chessman et al., 
1997) 
Arthropoda Insecta Hemiptera Gelastocoridae Nerthra nudata 
(Todd, 1961, Chessman et al., 
1997) 
Arthropoda Insecta Hemiptera Gelastocoridae Nerthra sinuosa 
(Todd, 1961, Chessman et al., 
1997) 
Arthropoda Insecta Hemiptera Gerridae Tenagogerris sp. (Chessman et al., 1997) 
Arthropoda Insecta Hemiptera Hebridae Hebrus axillaris 
(Lansbury, 1990, Chessman et 
al., 1997, Gooderham and 
Tsyrlin, 2002) 
Arthropoda Insecta Hemiptera Hebridae Merragata sp. (Gooderham and Tsyrlin, 2002) 
Arthropoda Insecta Hemiptera Hydrodromidae Hydrodroma sp. (Chessman et al., 1997) 
Arthropoda Insecta Hemiptera Hydrometridae Hydrometra sp. (Chessman et al., 1997) 
Arthropoda Insecta Hemiptera Mesoveliidae Mesovelia sp. (Chessman et al., 1997) 
Arthropoda Insecta Hemiptera Naucoridae Naucoris congrex 
(Lansbury, 1985, Chessman et 
al., 1997, Gooderham and 
Tsyrlin, 2002) 
Arthropoda Insecta Hemiptera Nepidae Unknown (Chessman et al., 1997) 
Arthropoda Insecta Hemiptera Notonectidae Anisops deanei 
(Sweeny, 1965, Chessman et 
al., 1997) 
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Arthropoda Insecta Hemiptera Notonectidae Anisops doris 
(Lansbury, 1969, Chessman et 
al., 1997) 
Arthropoda Insecta Hemiptera Notonectidae Anisops elstoni 
(Sweeny, 1965, Chessman et 
al., 1997) 
Arthropoda Insecta Hemiptera Notonectidae Anisops hackeri 
(Sweeny, 1965, Chessman et 
al., 1997) 
Arthropoda Insecta Hemiptera Notonectidae Anisops stali 
(Lansbury, 1969, Chessman et 
al., 1997) 
Arthropoda Insecta Hemiptera Notonectidae Anisops thienemanni 
(Sweeny, 1965, Lansbury, 1969, 
Chessman et al., 1997) 
Arthropoda Insecta Hemiptera Notonectidae Enithares bergrothi 
(Sweeny, 1965, Chessman et 
al., 1997) 
Arthropoda Insecta Hemiptera Notonectidae Enithares woodwardi 
(Lansbury, 1984, Chessman et 
al., 1997) 
Arthropoda Insecta Hemiptera Notonectidae Paranisops inconstans 
(Sweeny, 1965, Chessman et 
al., 1997) 
Arthropoda Insecta Hemiptera Ochteridae Unknown (Chessman et al., 1997) 
Arthropoda Insecta Hemiptera Pleidae Plea sp. (Chessman et al., 1997) 
Arthropoda Insecta Hemiptera Saldidae Unknown (Chessman et al., 1997) 
Arthropoda Insecta Hemiptera Veliidae Microvelia dubia 
(Malipatil, 1980, Chessman et 
al., 1997) 
Arthropoda Insecta Hemiptera Veliidae Microvelia oceanica 
(Malipatil, 1980, Chessman et 
al., 1997) 
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Arthropoda Insecta Hemiptera Veliidae Microvelia peramoena 
(Malipatil, 1980, Chessman et 
al., 1997) 
Arthropoda Insecta Lepidoptera Pyralidae Eoophyla sp. (Chessman et al., 1997) 
Arthropoda Insecta Megaloptera Corydalidae Archichauliodes sp. (Chessman et al., 1997) 
Arthropoda Insecta Neuroptera Sisyridae Sisyra rufistigma 
(Chessman et al., 1997, New, 
2004) 
Arthropoda Insecta Neuroptera Sisyridae Sisyra turneri 
(Chessman et al., 1997, New, 
2004) 
Arthropoda Insecta Odonata Aeshnidae Aeshna brevistyla 
(Chessman et al., 1997, 
Hawking and Theischinger, 
1999) 
Arthropoda Insecta Odonata Aeshnidae Hemianax papuensis 
(Chessman et al., 1997, 
Hawking and Theischinger, 
1999) 
Arthropoda Insecta Odonata Austrocorduliidae Austrocordulia sp. (Chessman et al., 1997) 
Arthropoda Insecta Odonata Coenagrionidae Austroagrion watsoni 
(Chessman et al., 1997, 
Hawking and Theischinger, 
1999) 
Arthropoda Insecta Odonata Coenagrionidae Ischnura aurora 
(Chessman et al., 1997, 
Hawking and Theischinger, 
1999) 
Arthropoda Insecta Odonata Coenagrionidae Ischnura heterosticta 
(Chessman et al., 1997, 
Hawking and Theischinger, 
1999) 
Arthropoda Insecta Odonata Coenagrionidae Psuedagion aureotrons 
(Chessman et al., 1997, 
Hawking and Theischinger, 
1999) 
Arthropoda Insecta Odonata Coenagrionidae Psuedagion microcephalum 
(Chessman et al., 1997, 
Hawking and Theischinger, 
1999) 
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Arthropoda Insecta Odonata Coenagrionidae Xanthagrion erythroneurum 
(Chessman et al., 1997, 
Hawking and Theischinger, 
1999) 
Arthropoda Insecta Odonata Cordulephylidae Cordulephya pygmaea 
(Chessman et al., 1997, 
Hawking and Theischinger, 
1999) 
Arthropoda Insecta Odonata Diphlebiidae Diphlebia lestoides 
(Hawking and Theischinger, 
1999) 
Arthropoda Insecta Odonata Diphlebiidae Diphlebia nymphoides 
(Hawking and Theischinger, 
1999) 
Arthropoda Insecta Odonata Gomphidae Austrogomphus amphiclitus 
(Chessman et al., 1997, 
Hawking and Theischinger, 
1999, Theischinger, 2000) 
Arthropoda Insecta Odonata Gomphidae Austrogomphus cornutus 
(Chessman et al., 1997, 
Hawking and Theischinger, 
1999, Theischinger, 2000) 
Arthropoda Insecta Odonata Gomphidae Austrogomphus guerini 
(Chessman et al., 1997, 
Theischinger, 2000) 
Arthropoda Insecta Odonata Gomphidae Austrogomphus melaleucae 
(Chessman et al., 1997, 
Theischinger, 2000) 
Arthropoda Insecta Odonata Gomphidae Austrogomphus ochraceus 
(Chessman et al., 1997, 
Hawking and Theischinger, 
1999, Theischinger, 2000) 
Arthropoda Insecta Odonata Gomphidae Hemigomphus heteroclytus 
(Chessman et al., 1997, 
Hawking and Theischinger, 
1999, Theischinger, 2000) 
Arthropoda Insecta Odonata Gomphidae Hemigomphus gouldii 
(Chessman et al., 1997, 
Hawking and Theischinger, 
1999, Theischinger, 2000) 
Arthropoda Insecta Odonata Isosticidae Labidiosticta vallisi 
(Chessman et al., 1997, 
Hawking and Theischinger, 
1999) 
Arthropoda Insecta Odonata Isosticidae Rhadinosticta simplex 
(Chessman et al., 1997, 
Hawking and Theischinger, 
1999) 
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Arthropoda Insecta Odonata Libellulidae Diplacodes haematodes 
(Chessman et al., 1997, 
Hawking and Theischinger, 
1999) 
Arthropoda Insecta Odonata Libellulidae Nannophlebia sp. 
(Chessman et al., 1997, 
Hawking and Theischinger, 
1999) 
Arthropoda Insecta Odonata Libellulidae Orthetrum caledonicum 
(Chessman et al., 1997, 
Hawking and Theischinger, 
1999) 
Arthropoda Insecta Odonata Libellulidae Orthetrum villosovittatum 
(Chessman et al., 1997, 
Hawking and Theischinger, 
1999) 
Arthropoda Insecta Odonata Megapodagrionidae Austroargiolestes amabilis 
(Chessman et al., 1997, 
Hawking and Theischinger, 
1999) 
Arthropoda Insecta Odonata Megapodagrionidae Austroargiolestes brookhousei 
(Chessman et al., 1997, 
Hawking and Theischinger, 
1999) 
Arthropoda Insecta Odonata Megapodagrionidae Austroargiolestes calcaris 
(Chessman et al., 1997, 
Hawking and Theischinger, 
1999) 
Arthropoda Insecta Odonata Megapodagrionidae Austroargiolestes christine 
(Chessman et al., 1997, 
Hawking and Theischinger, 
1999) 
Arthropoda Insecta Odonata Megapodagrionidae Austroargiolestes icteromelas 
(Chessman et al., 1997, 
Hawking and Theischinger, 
1999) 
Arthropoda Insecta Odonata Protoneuridae Nososticta solida 
(Chessman et al., 1997, 
Hawking and Theischinger, 
1999) 
Arthropoda Insecta Odonata Synthemistidae Eusynthemis aurolineata 
(Hawking and Theischinger, 
1999) 
Arthropoda Insecta Odonata Synthemistidae Eusynthemis brevistyla 
(Hawking and Theischinger, 
1999) 
Arthropoda Insecta Odonata Synthemistidae Eusynthemis rentziana 
(Hawking and Theischinger, 
1999) 
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Arthropoda Insecta Odonata Synthemistidae Eusynthemis tillyardi 
(Hawking and Theischinger, 
1999) 
Arthropoda Insecta Odonata Synthemistidae Eusynthemis ursula 
(Hawking and Theischinger, 
1999) 
Arthropoda Insecta Odonata Synthemistidae Eusynthemis virgula 
(Hawking and Theischinger, 
1999) 
Arthropoda Insecta Odonata Synthemistidae Synthemis sp. 
(Hawking and Theischinger, 
1999) 
Arthropoda Insecta Plecoptera Austroperlidae Austroheptura sp. (Chessman et al., 1997) 
Arthropoda Insecta Plecoptera Eustheniidae Stenoperla australis 
(Theischinger, 1983, Chessman 
et al., 1997) 
Arthropoda Insecta Plecoptera Eustheniidae Stenoperla denise 
(Theischinger, 1983, Chessman 
et al., 1997) 
Arthropoda Insecta Plecoptera Eustheniidae Stenoperla wongoonoo wongoonoo 
(Chessman et al., 1997, 
Theischinger, 1983) 
Arthropoda Insecta Plecoptera Gripopterygidae Dinotoperla sp. (Chessman et al., 1997) 
Arthropoda Insecta Plecoptera Gripopterygidae Illiesoperla frazeni 
(Theischinger, 1984b, 
Chessman et al., 1997) 
Arthropoda Insecta Plecoptera Gripopterygidae Illiesoperla mayi 
(Theischinger, 1984b, 
Chessman et al., 1997) 
Arthropoda Insecta Plecoptera Gripopterygidae Leptoperla bubolus 
(Theischinger, 1980, Chessman 
et al., 1997) 
Arthropoda Insecta Plecoptera Gripopterygidae Riekoperla karki 
(Theischinger, 1985, Chessman 
et al., 1997) 
Arthropoda Insecta Plecoptera Gripopterygidae Riekoperla angusta 
(Theischinger, 1985, Chessman 
et al., 1997) 
Arthropoda Insecta Plecoptera Gripopterygidae Riekoperla barringtonensis 
(Theischinger, 1985, Chessman 
et al., 1997) 
Arthropoda Insecta Plecoptera Gripopterygidae Riekoperla compressa 
(Theischinger, 1985, Chessman 
et al., 1997) 
Arthropoda Insecta Plecoptera Gripopterygidae Riekoperla elongata 
(Theischinger, 1985, Chessman 
et al., 1997) 
Arthropoda Insecta Plecoptera Gripopterygidae Riekoperla perkinsi 
(Theischinger, 1985, Chessman 
et al., 1997) 
Arthropoda Insecta Plecoptera Gripopterygidae Trinotoperla sp. (Chessman et al., 1997) 
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Arthropoda Insecta Plecoptera Notonemouridae Austrocercella communis communis 
(Theischinger, 1984a, 
Chessman et al., 1997) 
Arthropoda Insecta Plecoptera Notonemouridae Austrocercella weiri 
(Theischinger, 1984a, 
Chessman et al., 1997) 
Arthropoda Insecta Trichoptera Antipodoeciidae Antipodoecia turneri 
(Houston, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Atriplectididae Atriplectides dubius 
(Houston, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Calamoceratidae Anisocentropus bicoloratus 
(Houston, 1988, Chessman et 
al., 1997, St Clair, 1997) 
Arthropoda Insecta Trichoptera Calamoceratidae Anisocentropus latifascia 
(Houston, 1988, Chessman et 
al., 1997, St Clair, 1997) 
Arthropoda Insecta Trichoptera Calamoceratidae Anisocentropus valgus 
(Houston, 1988, Chessman et 
al., 1997, St Clair, 1997) 
Arthropoda Insecta Trichoptera Calocidae Caenota plicata 
(Houston, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Calocidae Caloca eba (Houston, 1988) 
Arthropoda Insecta Trichoptera Calocidae Caloca straminea (Houston, 1988) 
Arthropoda Insecta Trichoptera Calocidae Tasmasia acuta 
(Houston, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Conoesucidae Conoesucus semiauratus 
(Houston, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Conoesucidae Coenoria boera (Houston, 1988) 
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Arthropoda Insecta Trichoptera Conoesucidae Costora delora (Houston, 1988) 
Arthropoda Insecta Trichoptera Conoesucidae Costora ebenina (Houston, 1988) 
Arthropoda Insecta Trichoptera Conoesucidae Hampa patona (Houston, 1988) 
Arthropoda Insecta Trichoptera Conoesucidae Lingora coomata (Houston, 1988) 
Arthropoda Insecta Trichoptera Conoesucidae Lingora plicata (Houston, 1988) 
Arthropoda Insecta Trichoptera Ecnomidae Ecnomina sp. (Chessman et al., 1997) 
Arthropoda Insecta Trichoptera Ecnomidae Ecnomus continentalis 
(Houston, 1988, Cartwright, 
1990, Chessman et al., 1997) 
Arthropoda Insecta Trichoptera Ecnomidae Ecnomus deani 
(Cartwright, 1990, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Ecnomidae Ecnomus nibbor 
(Cartwright, 1990, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Ecnomidae Ecnomus russellius 
(Cartwright, 1990, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Ecnomidae Ecnomus tridigitus 
(Cartwright, 1990, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Glossosomatidae Agapetus dayi 
(Houston, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Glossosomatidae Agapetus evansi 
(Houston, 1988, Chessman et 
al., 1997) 
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Arthropoda Insecta Trichoptera Glossosomatidae Agapetus monticolus 
(Houston, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Glossosomatidae Agapetus pontona 
(Houston, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Helicophidae Helicopha astia 
(Houston, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Helicophidae Helicopha hortena 
(Houston, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Helicopsychidae Helicopsyche haecota 
(Houston, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Helicopsychidae Helicopsyche murrumba 
(Houston, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Helicopsychidae Helicopsyche ptychopteryx 
(Houston, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Helicopsychidae Helicopsyche tillyardi 
(Houston, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Hydrobiosidae Allochorema rectivatum (Houston, 1988) 
Arthropoda Insecta Trichoptera Hydrobiosidae Apsilochorema gisbum 
(Houston, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Hydrobiosidae Apsilochorema obliquum 
(Houston, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Hydrobiosidae Austrochorema alpinum (Houston, 1988) 
Arthropoda Insecta Trichoptera Hydrobiosidae Austrochorema nama (Houston, 1988) 
Arthropoda Insecta Trichoptera Hydrobiosidae Austrochorema patulum (Houston, 1988) 
Arthropoda Insecta Trichoptera Hydrobiosidae Austrochorema spinosum (Houston, 1988) 
Arthropoda Insecta Trichoptera Hydrobiosidae Austrochorema wentum (Houston, 1988) 
Arthropoda Insecta Trichoptera Hydrobiosidae Ethochorema brunneum 
(Houston, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Hydrobiosidae Ethochorema ochraceum 
(Houston, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Hydrobiosidae Ethochorema turbidum 
(Houston, 1988, Chessman et 
al., 1997) 
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Phylum Class Order Family Genus species Reference 
Arthropoda Insecta Trichoptera Hydrobiosidae Koetonga clivicola 
(Houston, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Hydrobiosidae Megogata necopina (Houston, 1988) 
Arthropoda Insecta Trichoptera Hydrobiosidae Psyllobetina attunga (Houston, 1988) 
Arthropoda Insecta Trichoptera Hydrobiosidae Psyllobetina plutonis (Houston, 1988) 
Arthropoda Insecta Trichoptera Hydrobiosidae Ptychobiosis nigra (Houston, 1988) 
Arthropoda Insecta Trichoptera Hydrobiosidae Ptychobiosis rieki (Houston, 1988) 
Arthropoda Insecta Trichoptera Hydrobiosidae Taschorema sp. (Chessman et al., 1997) 
Arthropoda Insecta Trichoptera Hydrobiosidae Ulmerchorema lentum 
(Houston, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Hydrobiosidae Ulmerchorema membrum 
(Houston, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Hydrobiosidae Ulmerchorema onychion 
(Houston, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Hydrobiosidae Ulmerchorema rubiconum 
(Houston, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Hydrobiosidae Ulmerchorema seona 
(Houston, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Hydrobiosidae Ulmerchorema stigma 
(Houston, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Hydropsychidae Asmicridea edwardsii 
(Houston, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Hydropsychidae Austropsyche bifurcata (Houston, 1988) 
Arthropoda Insecta Trichoptera Hydropsychidae Baliomorpha dubia (Houston, 1988) 
Arthropoda Insecta Trichoptera Hydropsychidae Baliomorpha pulchripenne (Houston, 1988) 
Arthropoda Insecta Trichoptera Hydropsychidae Cheumatopsyche modica 
(Houston, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Hydropsychidae Diplectrona angusta 
(Houston, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Hydropsychidae Diplectrona cognata 
(Houston, 1988, Chessman et 
al., 1997) 
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Phylum Class Order Family Genus species Reference 
Arthropoda Insecta Trichoptera Hydropsychidae Diplectrona inermis 
(Houston, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Hydroptilidae Hellyethira allynensis 
(Houston, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Hydroptilidae Hellyethira eskensis 
(Houston, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Hydroptilidae Hellyethira exserta 
(Houston, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Hydroptilidae Hellyethira fimbriata 
(Houston, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Hydroptilidae Hellyethira malleoforma 
(Houston, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Hydroptilidae Hellyethira simplex 
(Houston, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Hydroptilidae Hydroptila acinacis 
(Houston, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Hydroptilidae Hydroptila calcara 
(Houston, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Hydroptilidae Hydroptila losida 
(Houston, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Hydroptilidae Hydroptila scamandra 
(Houston, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Hydroptilidae Maydenoptila pseudorupina 
(Houston, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Hydroptilidae Orthotrichia adornata 
(Houston, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Hydroptilidae Orthotrichia capillata 
(Houston, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Hydroptilidae Orthotrichia dilgri 
(Wells, 1983, Houston, 1988, 
Chessman et al., 1997) 
Arthropoda Insecta Trichoptera Hydroptilidae Orthotrichia gracilis 
(Houston, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Hydroptilidae Orthotrichia rostrata 
(Houston, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Hydroptilidae Orthotrichia tortuosa 
(Houston, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Hydroptilidae Oxyethira columba 
(Houston, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Leptoceridae Condocerus paludosus 
(Houston, 1988, Chessman et 
al., 1997) 
72 
 
Phylum Class Order Family Genus species Reference 
Arthropoda Insecta Trichoptera Leptoceridae Lectrides varians (Houston, 1988) 
Arthropoda Insecta Trichoptera Leptoceridae Leptorussa darlingtoni (Houston, 1988) 
Arthropoda Insecta Trichoptera Leptoceridae Notalina bifaria 
(Houston, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Leptoceridae Notalina fulva 
(Houston, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Leptoceridae Notoperata maculata (Houston, 1988) 
Arthropoda Insecta Trichoptera Leptoceridae Oecetis atarpa 
(Houston, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Leptoceridae Oecetis australis 
(Houston, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Leptoceridae Oecetis complexa 
(Houston, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Leptoceridae Oecetis inscripta 
(Houston, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Leptoceridae Oecetis laustra 
(Houston, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Leptoceridae Oecetis parka 
(Houston, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Leptoceridae Oecetis pechana 
(Houston, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Leptoceridae Triaenodes sp. (Chessman et al., 1997) 
Arthropoda Insecta Trichoptera Leptoceridae Triplectides altenogus 
(Houston, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Leptoceridae Triplectides australicus 
(Houston, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Leptoceridae Triplectides australis 
(Houston, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Leptoceridae Triplectides ciuskus ciuskus 
(Houston, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Leptoceridae Triplectides elongatus 
(Houston, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Leptoceridae Triplectides hamatus 
(Houston, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Leptoceridae Triplectides proximus 
(Houston, 1988, Chessman et 
al., 1997) 
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Phylum Class Order Family Genus species Reference 
Arthropoda Insecta Trichoptera Leptoceridae Triplectides similis 
(Houston, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Leptoceridae Triplectides tambina 
(Houston, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Leptoceridae Triplectides varius 
(Houston, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Leptoceridae Triplectides volda 
(Houston, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Odontoceridae Barynema australicum (Houston, 1988) 
Arthropoda Insecta Trichoptera Odontoceridae Barynema costatum 
(Cartwright and Dean, 1987, 
Houston, 1988) 
Arthropoda Insecta Trichoptera Odontoceridae Marilia bola 
(Houston, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Odontoceridae Marilia fusca 
(Houston, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Philopotamidae Chimarra australica 
(Houston, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Philopotamidae Chimarra monticola 
(Houston, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Philopotamidae Hydrobiosella bispina 
(Houston, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Philopotamidae Hydrobiosella letti 
(Houston, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Philopotamidae Hydrobiosella waddama 
(Houston, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Philorheithridae Aphilorheithrus stepheni 
(Houston, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Philorheithridae Austrheithrus dubitans (Houston, 1988) 
Arthropoda Insecta Trichoptera Philorheithridae Austrheithrus ronewa (Houston, 1988) 
Arthropoda Insecta Trichoptera Philorheithridae Kosrheithrus tillyardi (Houston, 1988) 
Arthropoda Insecta Trichoptera Philorheithridae Ramiheithrus virgatus (Houston, 1988) 
Arthropoda Insecta Trichoptera Polycentropodidae Nyctiophylax sp. (Chessman et al., 1997) 
Arthropoda Insecta Trichoptera Polycentropodidae Plectrocnemia australica 
(Houston, 1988, Chessman et 
al., 1997) 
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Phylum Class Order Family Genus species Reference 
Arthropoda Insecta Trichoptera Polycentropodidae Polyplectropus lasscusalbinae (Houston, 1988) 
Arthropoda Insecta Trichoptera Tasimiidae Tasiagma ciliata 
(Houston, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Tasimiidae Tasimia atra 
(Houston, 1988, Chessman et 
al., 1997) 
Arthropoda Insecta Trichoptera Tasimiidae Tasimia natasia 
(Houston, 1988, Chessman et 
al., 1997) 
Aschelminthes Nematomorpha Gordiodiea Gordiidae Gordius sp. (Chessman et al., 1997) 
Mollusca Bivalvia Veneroida Corbiculidae Corbiculina sp. 
(Smith, 1996, Chessman et al., 
1997) 
Mollusca Bivalvia Veneroida Sphaeriidae Pisidium hallae 
(Kuiper, 1983, Chessman et al., 
1997) 
Mollusca Bivalvia Veneroida Sphaeriidae Pisidium tasmanicum 
(Kuiper, 1983, Chessman et al., 
1997) 
Mollusca Bivalvia Veneroida Sphaeriidae Sphaerium egregium 
(Kuiper, 1983, Chessman et al., 
1997) 
Mollusca Bivalvia Veneroida Sphaeriidae Sphaerium tasmanicum 
(Kuiper, 1983, Chessman et al., 
1997) 
Mollusca Gastropoda Basommatophora Ancylidae Ferrissia sp. 
(Smith, 1992, Chessman et al., 
1997) 
Mollusca Gastropoda Basommatophora Ancylidae Ferrissia sp. 
(Smith, 1992, Chessman et al., 
1997) 
Mollusca Gastropoda Neotaenioglossa Hydrobiidae Assiminea sp. (Chessman et al., 1997) 
Mollusca Gastropoda Neotaenioglossa Hydrobiidae Posticobia sp. 
(Smith, 1992, Chessman et al., 
1997) 
Mollusca Gastropoda Neotaenioglossa Hydrobiidae Potamopyrgus antipodarum (Smith, 1996) 
Mollusca Gastropoda Basommatophora Lymnaeidae Austropeplea sp. (Chessman et al., 1997) 
Mollusca Gastropoda Basommatophora Lymnaeidae Pseudosuccinea sp. (Chessman et al., 1997) 
Mollusca Gastropoda Basommatophora Physidae Physa acuta (Chessman et al., 1997) 
Mollusca Gastropoda Basommatophora Planorbidae Glyptophysa sp. (Chessman et al., 1997) 
Mollusca Gastropoda Basommatophora Planorbidae Gyraulus sp. (Chessman et al., 1997) 
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Mollusca Gastropoda Basommatophora Planorbidae Segnitilia sp. (Chessman et al., 1997) 
Mollusca Gastropoda Neotaenioglossa Thiaridae Thiara sp. (Chessman et al., 1997) 
Platyhelminthes Turbellaria Tricladida Dugesiidae Unknown (Chessman et al., 1997) 
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Table S2. Macroinvertebrate community composition for each SSD when taxa were grouped according to order 
  SSD 1 (n=5) SSD 2 (n=54) SSD 3 (n=112) SSD 4 (n=203) SSD 5 (n=449) 
Order 
% of the 
community 
Number of 
species 
% of the 
community 
Number of 
species 
% of the 
community 
Number of 
species 
% of the 
community 
Number of 
species 
% of the 
community 
Number of 
species 
Acarina 0 0 2 1 4 5 4 8 2 10 
Amphipoda 0 0 4 2 2 2 1 2 1 5 
Veneroida 0 0 2 1 1 1 1 3 1 5 
Coleoptera 0 0 19 10 13 15 15 31 12 54 
Decapoda 20 1 4 2 5 6 5 11 2 11 
Diptera 20 1 4 2 21 24 15 31 20 88 
Ephemeroptera 20 1 11 6 7 8 9 19 7 30 
Basommatophora 20 1 9 5 4 5 2 5 2 8 
Neotaenioglossa 0 0 2 1 1 1 1 2 1 4 
Hemiptera 0 0 9 5 13 14 11 23 8 35 
Arhynchobdellida 0 0 0 0 0 0 0 1 0 1 
Rhynchobdellida 0 0 0 0 1 1 0 1 0 1 
Isopoda 0 0 0 0 0 0 0 1 1 3 
Lepidoptera 0 0 0 0 0 0 0 0 0 1 
Megaloptera 0 0 0 0 0 0 0 0 0 1 
Gordiodiea 0 0 2 1 1 1 0 1 0 1 
Neuroptera 0 0 0 0 0 0 0 0 0 2 
Odonata 0 0 7 4 4 5 7 14 8 38 
Haplotaxidae 0 0 0 0 0 0 0 0 0 1 
Lumbriculida 20 1 2 1 1 1 0 1 0 1 
Tubificida 0 0 0 0 0 0 0 1 1 4 
Plecoptera 0 0 2 1 3 3 2 4 4 17 
Tricladida 0 0 0 0 1 1 0 1 0 1 
Trichoptera 0 0 22 12 17 19 21 43 28 127 
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Table S3. Salinity sensitivity of some Australian mayfly larvae (Ephemeroptera). Note: the wide range of salinity sensitivity within the 
order Ephemeroptera 
Family Genus / species 72 hour LC50
a
 mS/cm (90% CI) State Reference 
Baetidae Genus 1 sp. 5 6.2 (3.7-7.9) Victoria Kefford et al. 2003 
Leptophlebiidae Austrophlebioides pusillus 6.5 NSW R. Dowse (pers. obs.) 
Baetidae Centroptilum sp. 6.6 (nc
b
) Victoria Zalizniak et al. 2006 
Leptophlebiidae Austrophlebioides sp. 6.9 (5.2-8.6) Queensland Dunlop et al. 2008 
Baetidae Cloeon sp. 8.7 (4.1-13.3) Queensland Dunlop et al. 2008 
Baetidae Centroptilum sp. 10 (nc) Victoria Hassell et al. 2006 
Baetidae Cloeon sp. 11.7 (10.4-12.9) Queensland Dunlop et al. 2008 
Caenidae Tasmanocoenis sp. ≈12.5 (nc) Queensland Dunlop et al. 2008 
Leptophlebiidae Atalophlebia sp. 12.8 (nc) Victoria Kefford et al. 2006 
Baetidae Cloeon sp. 13.2 (12.5-13.9) Queensland Dunlop et al. 2008 
Leptophlebiidae Atalophlebia sp. AV 9 >15.0 (nc) Victoria Kefford et al. 2006 
Leptophlebiidae Atalophlebia sp.  13 >20.0 (nc) Victoria Kefford et al. 2006 
a 
The salinity (measured as electrical conductivity) at which 50% of a population incurs mortality at 72 hours of exposure. 
b 
Not calculated. 
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Figure S1. Kaplan-Meier function of the salinity                         Figure S2. Kaplan-Meier function of the salinity 
sensitivity of macroinvertebrates included in                               sensitivity of macroinvertebrates included in 
SSD 1 (n=5).                                                                                      SSD 2 (n=54). 
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Figure S3. Kaplan-Meier function of the salinity                          Figure S4. Kaplan-Meier function of the salinity  
sensitivity of macroinvertebrates included in                                sensitivity of macroinvertebrates included in 
SSD 3 (n=112). Straight line = survival function.                          SSD 4 (n=203). Straight line = survival function. 
A + symbol = censored value.                                                          A + symbol = censored value. 
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Figure S5. Kaplan-Meier function of the salinity                          Figure S6. Species sensitivity distribution of the salinity 
sensitivity of macroinvertebrates included in                                sensitivity of macroinvertebrates included in  
SSD 5 (n=449). Straight line = survival function.                          SSD 1 Bayesian model 1 (n=5). Dotted lines are 90% 
A + symbol = censored value.                                                          credible intervals. 
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Figure S7. Species sensitivity distribution of the salinity                        Figure S8. Species sensitivity distribution of the salinity 
sensitivity of macroinvertebrates included in                                           sensitivity of macroinvertebrates included in 
SSD 2 Bayesian model 1 (n=54). Dotted lines are 90%                             SSD 3 Bayesian model 1 (n=112). Dotted lines are 90% 
credible intervals.                                                                                        credible intervals.                                  
 
 
 
 
 
82 
 
          
Figure S9. Species sensitivity distribution of the salinity                 Figure S10. Species sensitivity distribution of the salinity 
sensitivity of macroinvertebrates included in                                   sensitivity of macroinvertebrates included in 
SSD 4 Bayesian model 1 (n=203). Dotted lines are 90%                  SSD 5 Bayesian model 1 (n=449). Dotted lines are 90% 
credible intervals.                                                                                credible intervals. 
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Figure S11. Species sensitivity distribution of the salinity                    Figure S12. Species sensitivity distribution of the salinity sensitivity 
sensitivity of macroinvertebrates included in                                         of macroinvertebrates included in SSD 2 Bayesian model 2 (n=54). 
SSD 1 Bayesian model 2 (n=5). Dotted lines are 90%                            Dotted lines are 90% credible intervals.           
credible intervals.                                                                                   
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Figure S13. Species sensitivity distribution of the salinity             Figure S14. Species sensitivity distribution of the salinity 
sensitivity of macroinvertebrates included in SSD 3                      sensitivity of macroinvertebrates included in SSD 4 Bayesian 
Bayesian model 2 (n=112).  Dotted lines are 90%                           model 2 (n=203). Dotted lines are 90% credible intervals.                                                                             
credible intervals. 
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Figure S15. Species sensitivity distribution of the salinity 
sensitivity of macroinvertebrates included in SSD 5 
Bayesian model 2 (n=449). Dotted lines are 90% 
credible intervals. 
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Chapter 3 
Do single salt compounds approximate the toxicity of 
saline effluent to freshwater invertebrates? 
 
The experiments reported in this chapter were undertaken as part of a consultancy for a 
wastewater treatment plant. Managers at the wastewater treatment plant needed information 
on the relative toxicities of different types of salts, but found that such data was lacking for 
Australian freshwater macroinvertebrates. Through experimentally investigating lethal and 
sub-lethal responses to varying ionic compositions, this chapter contributes empirical data to 
a deeper understanding of responses to salinity that nuance and enable deeper interpretation 
of biotic responses and distributions: 
 
This paper will be submitted to the peer reviewed journal Environmental Toxicology 
and Chemistry for publication consideration as: Dowse, R., Colville, A. and Kefford, BJ. 
Do single salt compounds approximate the toxicity of saline effluent to freshwater 
invertebrates? 
Author contributions: Experimental design, laboratory set up, field collection of 
macroinvertebrates, experimental work, statistical analyses and writing of this chapter was 
predominately undertaken by R. Dowse. Funding was provided through BJ. Kefford. During 
the growth experiments, A. Coville assisted in the laboratory. Recommendations and editing 
from all co-authors improved this chapter. 
 
Abstract 
Saline inputs into freshwater courses have different ionic proportions and dominant ions, yet 
most studies assume that one particular salt or synthetic marine salt (SMS) as representative 
of toxicity of saline waters with other ionic proportions. The freshwater shrimp Paratya 
australiensis (Decapoda) and mayfly nymph Atalophlebia sp. (Ephemeroptera) were used to 
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compare the relative toxicity of calcium chloride (CaCl2), sodium chloride (NaCl), SMS, and 
discharge from a water treatment plant (WTP) dominated by calcium ions.  For both species, 
ranking from least to greatest toxicity was: SMS, CaCl2, NaCl. For either species, there was 
no mortality in acute tests (up to 144 hours) using 100% WTP effluent. However, a chronic 
test result in 100% WTP produced 70% mortality of Atalophlebia sp. by 10 days, and 50% 
WTP producing approximately 30% mortality of Atalophlebia sp. after 21 days. There was a 
significant increase in median head capsule growth rate for Atalophlebia sp. in 2 g/L CaCl2, 
but no detectable effects across all other treatments, over 21 days exposure (or earlier where 
mortality occurred). There were no differences in mean growth rates for P. australiensis 
across all treatments. In conclusion, it was not feasible to estimate chronic effects of the WTP 
effluent on Atalophlebia sp. using representative salts and we recommend that whole effluent 
toxicity (WET) testing is better suited. 
Keywords: direct toxicity assessment (DTA), freshwater salinisation, major ions, stream 
invertebrate, wastewater 
 
Introduction 
The salinisation of freshwater can have devastating effects on biodiversity and is caused by 
many mechanisms (Cañedo-Argüelles et al., 2013) including discharges of wastewater from 
mines (Turek, 2004, Echols et al., 2009), water treatment (Silva et al., 2000), desalination 
plants (Greenlee et al., 2009) and industry (Piscart et al., 2005), and run-off from urban areas 
(Azrina et al., 2006) and road de-icing (Kaushal et al., 2005, Harless et al., 2011). Freshwater 
salinisation has environmental, economic and social effects (OECD., 2008) including 
changes to in-stream biotic communities (Beutel et al., 2001, Blinn and Bailey, 2001, Schäfer 
et al., 2011), and reduced suitability of freshwaters for human consumption (see Williams, 
2001and references therein, Kaushal et al., 2005) and agriculture (USEPA., 1986, ABS., 
2007).  
In Australia, anthropogenic freshwater salinisation has typically been associated with dryland 
(SOE., 2011) and irrigation salinity (Peck and Hatton, 2003, Lake and Bond, 2007), in most 
cases resulting in ionic proportions similar to sea water (Herczeg et al., 2001), which is 
dominated by sodium chloride (NaCl). Because of this, salinity related research has 
concentrated on the toxicity of salts with ionic proportions similar to sea water, using 
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synthetic marine salts (for example Kefford et al., 2003, Hassell et al., 2006, Dunlop et al., 
2008). The toxicity of seawater with the various ionic proportions typical of variations around 
seawater in Australian saline ground- and lake- waters (Radke et al., 2002) has also been 
investigated (Zalizniak et al., 2006, Zalizniak et al., 2009). Outside of Australia, NaCl is the 
most common salt source used in salinity toxicity testing. However, input to rivers from, for 
example, mining and water treatment, typically has ionic proportions different to that of sea 
water, and elevated concentrations of ions other than sodium and chloride, for example 
calcium (Mazuran et al., 1999, Silva et al., 2000, Turek, 2004), can alter the salinity 
sensitivity of freshwater biota (Mount et al., 1997, Palmer et al., 2004, Kennedy et al., 2005, 
Harless et al., 2011).  
Whole Effluent Toxicity tests (WET) and Toxicity Identification Evaluations (TIEs) can 
provide estimates of the toxicity of specific waters, and specific components of waters (Brix 
et al., 2010). However, the transportation of sufficient contaminated waters to laboratories for 
WET testing can be impractical, often due to time and economic constraints (Chapman, 
2001). An alternative method has been to use single salt compounds that dominate the waters 
of concern, as representative of the salinity. For example, sodium sulfate has been used to 
simulate increasing salinity from mining activities (Goetsch and Palmer, 1997, Soucek, 
2007), and in South Africa salinity toxicity from natural and agricultural processes has been 
estimated using NaCl as a representative salt (Palmer et al., 2004, Slaughter et al., 2008). The 
toxicity of whole coal mine and oil field effluents has been compared to simulations of the 
whole effluents with toxicity being attributed to the most abundant ions in the effluents 
(Boelter et al., 1992, Kennedy et al., 2005).  However, the ability of single salt tests to 
approximate the effects of whole saline effluents is uncertain. 
In this paper, we ask, is it feasible to assume that toxicity testing with a representative salt is 
indicative of the toxicity of a whole effluent? The relative toxicity of three representative 
salts was investigated: calcium chloride (CaCl2), sodium chloride (NaCl) and synthetic 
marine salt (SMS). Calcium chloride was chosen because calcium is a dominate cation in 
discharge from groundwater treatment plants (Silva 2000) and desalinisation plants that use 
reverse osmosis membrane technology (Silva et al., 2000, Greenlee et al., 2009). The toxicity 
of CaCl2 was compared to NaCl and synthetic marine salt; the latter two salts being chosen 
because of their aforementioned common use. We then compare the relative toxicities of 
CaCl2 and discharge from a water treatment plant whose effluent is dominated by calcium 
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ions. We further compare the toxicity of site-specific standard toxicity test with a 
representative salt (CaCl2) to site-specific WET tests.  
 
Methods 
Field collection and acclimation 
Laboratory based toxicity tests were conducted on field collected freshwater shrimp Paratya 
australiensis (Decapoda: Atyidae) and mayfly nymphs Atalophlebia sp. (Ephemeroptera: 
Leptophlebiidae) in river water. Test animals and river water were collected from the 
Murrumbidgee River at Uriarra Crossing in the Australian Capital Territory (ACT) (35°14'S; 
148°57'E) between late April and early July 2010. This site is upstream of the Murrumbidgee 
confluence of the Murrumbidgee and Molongo Rivers, where salinity is elevated by 
discharge from a large water treatment plant (see Test waters, below). P. australiensis and 
Atalophlebia sp. were chosen because of their high abundance at the collection site, their 
suitability for laboratory toxicity tests (Colville, 2003, Paradise, 2009), and previous studies 
(Dunlop et al., 2008, Paradise, 2009, Kefford et al., 2012) showed they represent a salinity 
sensitive (Ephemeroptera) and tolerant group (Decapoda). Although Ephemeropterans are 
salinity sensitive taxa, we note that  Atalophlebia is salt tolerant relative to other genus within 
this order (Kefford et al., 2006).  Atalophlebia sp. dominated this reach of the Murrumbidgee 
River and there were insufficient numbers of other mayfly genus for the planned toxicity 
tests. During transport the animals were maintained in the water they were collected from, on 
ice and aeration. They were acclimated in a temperature controlled test room (17°C) for three 
days to prior to test commencement. This temperature was chosen so that the mayfly nymphs 
would not emerge as a result of high temperatures. Stones and woody debris from the 
collection site were provided during acclimation as habitat and a source of food. Small 
amounts of crumbled fish flakes were added as an additional food source as necessary. 
 
Test waters 
Animals were exposed to increasing concentrations of three salts in water from their 
collection site: calcium chloride (type – check in chemical store, CaCl2, Sigma Aldrich), 
sodium chloride (NaCl, ACS reagent ≥99.0%, Sigma Aldrich) and a SMS (Ocean Nature, 
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Aquasonic, Wauchope, NSW). Animals were also exposed to treated sewage effluent (WTP 
effluent) from the Lower Molongo Water Quality Control Centre (LMWQCC). The 
LMWQCC discharges treated effluent into the Molongo River which in turn flows into the 
Murrumbidgee River. Effluent from the LMWQCC has elevated calcium ions relative to 
these rivers (Kate Elliot, ActewAGL, pers. comm.).  
 
Experiments 
Two tests were conducted on each species. Mortality was the end-point in the first test and so 
these will be referred to as mortality tests. In the mortality tests, Atalophlebia sp. were 
exposed for up to 144 hours (6 days), and P. australiensis up to 336 hours (14 days). The 
second test was of 21 days duration with various measures of growth (see below) as the end-
points and these will be referred to as the growth tests. Atalophlebia sp. with wing buds and 
gravid P. australiensis were not included in the test populations. All experiments were 
conducted in a temperature controlled room at 17±2°C. Water was not renewed during the 
mortality tests (Test 1), but was renewed weekly during the growth tests (Test 2). Evaporative 
water losses were replaced by the addition of top ups with de-ionised water. Physico-
chemical water quality parameters (dissolved oxygen (% sat), electrical conductivity (EC, 
mS/cm at 25 °C, hereafter mS/cm), pH and temperature (°C) were recorded regularly. Added 
salts are reported in g/L and salinity is also expressed as EC (mS/cm).  
  
Test 1 - Mortality tests  
Mortality tests using CaCl2, NaCl and SMS were conducted in aerated aquaria containing 
three liters of river water. Treatments were prepared by dissolving CaCl2, NaCl or SMS in 
Murrumbidgee River water (at the site of collection of the invertebrates). Concentrations 
varied for each salt and species (Tables 3.1 and 3.2). Controls contained river water only. 
Atalophlebia sp. were also exposed to 100% effluent from the LMWQCC (WTP effluent) for 
144 hours. P. australiensis were not subjected to Test 1 with effluent from the water 
treatment plant because previous salinity tolerance results suggested that they would survive 
at the salinity of the effluent. Within the aquarium, animals were housed in a breeding net (16 
cm x 12 cm), and a rock from the collection site was placed within each breeding net to 
provide some habitat. The rocks were scrubbed clean before being placed in the aquaria.  
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Animals were randomly allocated between the treatments. There were 12 to 15 Atalophlebia 
sp. allocated per aquarium, and P. australiensis treatments contained 10 to 12 individuals per 
aquarium. Mortalities and moults were recorded for both taxa, and emergence was recorded 
for Atalophlebia sp. Dead animals and moults were removed from the test vessel. Test 1 was 
terminated at 144 hours for Atalophlebia sp., but extended to 336 hours (14 days) for P. 
australiensis. Food was not added until after the first 144 hours of exposure, after which 
small amounts of crumbled fish flakes were added daily. 
 
Test 2 – Growth tests 
The concentration lethal to 10% of a population (LC10) was considered an indication of the 
minimum salinity at which mortality occurred. Consequently, the highest concentration 
chosen for each growth test was approximately that of the 144 hour LC10 value for each salt. 
Individuals were randomly allocated to wide mouthed plastic jars containing 400 mL of test 
water, one small stone and only enough crumbled fish flakes for consumption by one 
individual (around 0.1-0.5 mg). One pre-measured (see below) individual was placed in each 
jar so that size of individuals could be tracked. The smallest individuals which could survive 
initial measurement procedures were selected so that they had the potential for growth 
(Colville, 2003, Kefford and Zalizniak, 2006). Concentrations varied for each salt and 
between taxa (Tables 3.1 and 3.2). The jars were covered with perspex sheeting containing a 
hole through which an airline was fed (sheeting reduced splash and evaporation). Jars were 
observed a minimum of three times per week; moults removed, fish flakes added as required 
and evaporative water loss replenished. Atalophlebia sp. were exposed to undiluted WTP 
effluent (n=7) but incurred around 70% mortality after approximately ten days (240 hours). 
Consequently, a second growth treatment was initiated where the effluent was diluted with 
Murrumbidgee River water in a 1:1 dilution.  
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Table 3.1 Exposure concentrations for Atalphlebia sp. mortality and growth tests. 
Means and standardizations are based on three to five measurements per treatment 
 
Treatment 
Concentration 
added for 
mortality tests 
(g/L) 
Mean EC
a
 
(mS/cm) 
Concentration 
added for  growth 
tests (g/L) 
Mean EC
a 
(mS/cm) 
Control – RWb 0 0.13 (±0.013) 0 0.13 (±0.009) 
CaCl2
c 
0.1 0.27 (±0.008) 0.1 0.28 (±0.035) 
CaCl2
c
 0.2 0.42 (±0.015) 0.2 0.42 (±0.054) 
CaCl2
c
 0.5 0.83 (±0.021) 0.5 0.83 (±0.081) 
CaCl2
c
 1 1.5 (±0.041) 1 1.5 (±0.112) 
CaCl2
c
 2 2.8 (±0.083) 2 2.7 
CaCl2
c
 3 4.0 (±0.117) 
  
CaCl2
c
 4 5.2 (±0.153) 
  
CaCl2
c
 6 7.5 (±0.156) 
  
CaCl2
c
 8 9.9 (±0.502)     
NaCl
d 
0.5 1.2 (±0.046) 0.1 0.32 (±0.030) 
NaCl
d 1 2.1 (±0.051) 0.2 0.52 (±0.030) 
NaCl
d
 2 4.0 (±0.117) 0.5 1.1 (±0.063) 
NaCl
d 3 5.7 (±0.147) 1 2.0 (±0.117) 
NaCl
d 4 7.4 (±0.143) 2 4.3 (±1.10) 
NaCl
d 5 9.2 (±0.215) 
  
NaCl
d 7.5 13 (±0.264) 
  
NaCl
d 10 17 (±0.339) 
  
NaCl
d 15 25     
SMS
e 
1 1.8 (±0.054) 0.1 0.31 (±0.011) 
SMS
e 2.5 4.2 (±0.120) 0.2 0.49 (±0.011) 
SMS
e 5 8.0 (±0.254) 0.5 0.98 (±0.063) 
SMS
e 7.5 12 (±0.327) 1 1.8 (±0.112) 
SMS
e 10 15 (±0.534) 2 3.5 (±0.339) 
SMS
e 12.5 18 (±0.517) 
  
SMS
e 15 21 (±0.252) 
  
SMS
e 17.5 25 (±0.458) 
  
SMS
e
 20 28 (±0.557)     
WTP effluent
f 
100% 0.73 (±0.025) 50% 0.45 
a
 Mean salinity is reported as electrical conductivity (EC ± standard deviation). 
b  
RW = river 
water. 
c 
CaCl2 = calcium chloride. 
d
 NaCl = sodium chloride. 
e 
SMS = synthetic marine salt. 
f  
WTP = water treatment plant. 
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Table 3.2 Exposure concentrations for Partaya australiensis mortality and growth tests. 
Means and standardizations are based on three to five measurements per treatment 
 
Treatment 
Concentration 
added for 
mortality tests 
(g/L) 
Mean EC
a 
(mS/cm) 
Concentration 
added for 
growth tests 
(g/L) 
Mean EC
a 
(mS/cm) 
Control – RWb 0 0.13 (±0.018) 0 0.12 (±0.006) 
CaCl2
c 
0.1 0.27 (±0.028) 0.1 0.27 (±0.003) 
CaCl2
c 
0.5 0.86 (±0.576) 0.5 0.76 (±0.016) 
CaCl2
c 
1 1.6 (±0.136) 5 5.9 
CaCl2
c 
2 2.9 (±0.156) 10 11 (±0.182) 
CaCl2
c 
5 6.4 (±0.386) 
  
CaCl2
c 
10 12 (±0.739) 
  
CaCl2
c 
15 17 (±0.590) 
  
CaCl2
c 
25 26 (±0.721) 
  
CaCl2
c 
35 35     
NaCl
d 
0.1 0.31 0.1 0.31 (±0.006) 
NaCl
d
 0.5 1.0 0.5 0.96 (±0.030) 
NaCl
d
 1 2.1 1 1.8 (±0.058) 
NaCl
d
 2 3.5 2 3.4 (±0.068) 
NaCl
d
 5 7.8 3 4.9 
NaCl
d
 10 16 
  
NaCl
d
 15 23     
SMS
e 
0.1 0.34 (±0.026) 0.5 0.90 (±0.016) 
SMS
e
 0.5 0.97 (±0.868) 5 6.7 (±0.123) 
SMS
e
 1 1.8 (±0.227) 
  
SMS
e
 2 3.2 (±0.222) 
  
SMS
e
 5 7.5 (±0.662) 
  
SMS
e
 10 15 (±1.74) 
  
SMS
e
 15 20 (±2.48) 
  
SMS
e
 25 30 (±1.50) 
  
SMS
e
 35 39     
WTP
f
 effluent NT  100% 0.61 
a
 Mean salinity is reported as electrical conductivity (EC ± standard deviation). 
b  
RW = river 
water. 
c 
CaCl2 = calcium chloride. 
d
 NaCl = sodium chloride. 
e 
SMS = synthetic marine salt.
 f  
WTP = water treatment plant. 
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The growth of individuals was determined by measuring their size on test commencement 
(day 0) and test termination (day 21) and calculating the mean growth per treatment (final 
size – initial size)/number of days between measurements. For Atalophlebia sp. total length 
(TL) and head capsule width (HCW) were measured. Body length was defined as from the 
line of connection between the labrum and clypeus to the end of the abdomen, not including 
the cerci or terminal filament. Head capsule width was defined as the width of the head at its 
widest point, including eyes (Kefford and Zalizniak, 2006). For P. australiensis, the measures 
were carapace length (CL), and orbital carapace length (OCL, as per Horwitz 1995). 
Carapace length was measured from the posterior level of the orbit to the widest point of the 
carapace edge. Lengths were taken from captured images using Leica IM Software. For 
Atalophlebia sp. initial mean TL was 5.50 mm (range of 2.37 to 8.75 mm), and initial mean 
HCW was 1.46 mm (range of 0.62 to 2.05 mm) (n=88). For P. australiensis initial mean OCL 
was 4.13 mm (range of 3.06 to 5.82 mm) (n=71). 
 
Statistical analysis 
Dose-response curves were generated from the Test 1 mortality data, and analysed using 
various regression equations (PASW Statistics 18). The equation of best fit was used to 
estimate the lethal concentrations of each salt. Growth data were tested for homogeneity of 
variance. For Atalophlebia sp. there were significant differences in variance between 
treatments, so between-treatment median values and distributions were compared using non-
parametric independent samples analysis (Kruskal-Wallis Test). All data, including outliers, 
were used in the analysis. For P. australiensis, the means of growth data were compared 
using ANOVA. Post-hoc tests (Dunnett T3) were performed when three or more groups were 
compared. All analyses were performed on added salt and EC concentrations. 
 
Results 
Test 1 - Mortality tests – Control survival 
At 144 hours exposure there were no control mortalities for both Atalophlebia sp. and P. 
australiensis. For P. australiensis, control treatments did not incur mortality until 336 hours, 
when they sustained approximately 16%. Control survivorship of ≥80% is regarded as 
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acceptable when exposure time is increased to between 168 and 192 hours (US EPA 1994). 
Therefore under standard protocols, control mortality of 16% for exposure duration of 336 
hours is acceptable. Additionally, there was no emergence of Atalophlebia sp. in any 
treatment over the 144 hours of exposure. 
 
Test 1 - Mortality tests - Atalophlebia sp. 
At 72 hours exposure dose-response curves were steeper for CaCl2 and NaCl, relative to SMS 
(Figure 3.1; see Supplement 2, Figure S1 for dose-response curves where salinity is given as 
EC). At this exposure time Atalophlebia sp. incurred 10% mortality in 5 g/L SMS, 20% 
mortality in 4 g/L CaCl2, and 10% mortality in 0.5, 2 and 3 g/L NaCl. For all modelled 
exposure durations SMS was the least toxic of the representative salts to Atalophlebia sp. 
(Table 3.3; see Supplement 2, Table S1 for lethal concentrations given as EC). At 72 hours 
modelled lethal concentrations estimated that NaCl was twice as toxic as CaCl2 and three 
times more toxic than SMS.  
 
 
Figure 3.1 Dose-response curves for Atalophlebia sp.exposed to calcium chloride 
(CaCl2), sodium chloride (NaCl) and a synthetic marine salt (SMS) for 72 hours.  
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Table 3.3 Modeled toxicity (added g/L) of calcium chloride (CaCl2), sodium chloride (NaCl) and synthetic marine salt (SMS) lethal to 
10% (LC10) and 50% (LC50) of test populations of Atalophlebia sp. and Paratya australiensis (±95% CI). nc = not calculated 
 
Species Salt 
72 hours 96 hours 144 hours 336 hours 
LC10 LC50 LC10 LC50 LC10 LC50 LC10 LC50 
Atalophlebia 
sp. 
CaCl2 4.0 (2.6-4.8) 5.7 (5.0-6.7) 3.6 (2.2-4.4) 5.5 (4.7-6.4) 1.6 (0.48-2.4) 5.3 (3.8-9.1) nc nc 
NaCl 2.5 (1.2-3.4) 5.1 (4.3-6.3) 2.5 (0.87-3.3) 4.9 (4.2-6.0) 2.04 (0.75-2.8) 4.4 (3.7-5.4) nc nc 
SMS 6.0 (4.1-7.2) 10 (9.2-11) 5.3 (3.5-6.5) 9.4 (8.4-10) 3.7 (1.8-4.8) 7.5 (6.6-8.5) nc nc 
Paratya 
australiensis 
CaCl2 18 (9-22) 26 (22-30) 17 (9-21) 25 (22-29) 14 (8-18) 22 (19-26) 6 17 
NaCl 5 (2-7) 8 (6-10) 3 (1-4) 5 (4-7) 3 5 2 (1-3) 3 (2-5) 
SMS 22 (1-25) 27 (23-36) nc nc 22 (1-25) 27 (23-36) 8 24 
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With increasing exposure time, toxicities of the different salts became more similar, 
particularly at lower concentrations (Figure 3.2; see Supplement 2, Figure S2 for dose-
response curves where salinity is given as EC). SMS remained the least toxic to Atalophlebia 
sp., with NaCl being only slightly more toxic than CaCl2. However, modelled lethal 
concentrations did not distinguish between lethality for CaCl2 and NaCl, which were 
estimated to be equally toxic to 10% of the Atalphlebia sp. population at 144 hours exposure 
(Table 3.3). Modelled lethal concentrations for Atalophlebia sp. exposed to NaCl remained 
almost constant from 72 to 144 hours, despite mortality continuing to increase during this 
time. Toxicity increased over time for Atalophlebia sp. exposed to CaCl2 and SMS, and this 
was reflected in the modelled lethal concentrations. Overall there was negligible mortality up 
to 1 g/L for all salts tested.  Moulting was variable across all salts and no relationship could 
be determined between treatments (see Supplement 2, Figures S3-S5). 
 
 
Figure 3.2 Dose-response curves for Atalophlebia sp. exposed to calcium chloride 
(CaCl2), sodium chloride (NaCl) and a synthetic marine salt (SMS) for 144 hours.  
 
The was no mortality of  Atalophlebia sp. exposed to WTP effluent in Test 1 and no 
indication that its response in WTP differed to similar level of CaCl2 exposure. The EC of the 
effluent was 0.73 mS/cm (±SD 0.025). In terms of EC, the closest comparable CaCl2 
treatment was 0.5 g/L (EC of 0.83 mS/cm ±SD 0.021) with no mortality occurring in either of 
these treatments.  At 144 hours exposure, there was no moulting or emergence of 
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Atalophlebia sp. in CaCl2.  There was no Atalophlebia sp. emergence at 144 hours exposure 
to 100% WTP effluent, and one individual (n=15) moulted at 96 hours exposure to 100% 
WTP effluent. 
 
Test 1 - Mortality tests - Paratya australiensis 
Modelled lethal concentrations (Table 3.3) and dose-response curves for 72 (Figure 3.3; see 
Supplement 2, Figure S6 for dose-response curves where salinity is given as EC) and 144 
hours (Figure 1d; see Supplemental Data, Figure S7 for dose-response curves where salinity 
is given as EC ) exposure showed that NaCl was far more toxic to P. australiensis than CaCl2 
and SMS. At 72 hours exposure, the toxicities of CaCl2 and SMS were similar, with no 
(SMS) or negligible (CaCl2) mortality up to 25 g/L (Figure 3.3). At this exposure period the 
dose-response curve of P. australiensis populations exposed to NaCl was steep (Figure 3.3), 
with a modelled LC10 of 5 g/L and a modelled LC50 of 8 g/L (Table 3.3). Mortality continued 
to increase with increasing exposure time for P. australiensis in NaCl so that at 144 hours the 
animals were able to survive in up to 2 g/L, but suffered 80% mortality in 5 g/L NaCl (Figure 
3.4; see Supplement 2, Figure S7 for dose-response curves where salinity is given as EC). 
 
 
Figure 3.3 Dose-response curves for Paratya australiensis exposed to calcium chloride 
(CaCl2), sodium chloride (NaCl) and a synthetic marine salt (SMS) for 72 hours. 
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Figure 3.4 Dose-response curves Paratya australiensis exposed to calcium chloride 
(CaCl2), sodium chloride (NaCl) and a synthetic marine salt (SMS) for 144 hours. 
 
Modelled lethal concentrations for P. australiensis in SMS remained constant from 72 hours 
up to and including 144 hours exposure time (Table 3.3; see Supplement 2, Table S1 for 
lethal concentrations given as EC). Conversely, modelled lethal concentrations for P. 
australiensis exposed to CaCl2 increased with increasing time, so that at 144 hours’ exposure 
CaCl2 was more toxic than SMS (Table 3.3). There was a dramatic increase in the toxicity of 
all salts at 336 hours exposure’ (Table 3.3). At this time NaCl was estimated to be three times 
more toxic than CaCl2, and four times more toxic than SMS. 
 
Test 2 – Growth tests - Atalophlebia sp. 
For head capsule width (HCW), the median growth rates and minimum growth rates were 
similar, between all treatments (Figure 3.5). The same trend occurred with the median of total 
length (TL) growth, with the exception of one treatment, 2 g/L CaCl2 (Figure 3.6). However, 
the maximum growth rate varied widely between treatments, and this variation was the cause 
of the heterogeneity of variations between treatments. A possible explanation for the 
variation in maximum growth rate is that growth is dependent on the initial size of an 
individual. However, growth rate (of head capsule and total length) was plotted against initial 
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size and there was no evidence that growth differed systematically between size classes 
(results not shown).  
 
Figure 3.5 Growth rate of head capsule width (mm/day) for Atalophlebia sp. exposed to 
calcium chloride (Ca), sodium chloride (Na), a synthetic marine salt (SMS), and a 50% 
dilution of effluent from a water treatment plant (WTP 50%). Bold black line = median 
head capsule width. Black dot = outlier. Black star = extreme outlier. 
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Figure 3.6 Growth rate of total length (mm/day) for Atalophlebia sp. exposed to calcium 
chloride (Ca), sodium chloride (Na), a synthetic marine salt (SMS), and a 50% dilution 
of effluent from a water treatment plant (WTP 50%). Bold black line = median rate of 
total length. Black dot = outlier. Black star = extreme outlier. 
 
Head capsule width rate of growth appeared to be largest in the highest concentration for all 
treatments (Figure 3.5). However, across all salts there were no significant differences in the 
distribution of the median of HCW growth rate (p = 0.095). Additionally, no significant 
differences were detected when growth rates of HCW were compared between each salt and 
the control.  
Median values for growth rate of total length were similar across all treatments with the 
exception of the highest concentration of CaCl2 (2 g/L) (Figure 3.6). The distribution of 
growth rate of total length for the salts was compared individually to the distribution of 
growth rate of total length for the control. Median rate of total length growth increased with 
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the addition 1 and 2 g/L CaCl2 (Figure 3.6), however significant differences existed only 
between the control (0.0138 mm/day) and 2 g/L CaCl2 (0.2164 mm/day) (p = 0.031). 
Growth testing for Atalophlebia sp. commenced with 100% WTP effluent but this treatment 
was discontinued due to high mortality (70%) by around 10 days. We initiated an alternative 
treatment of WTP effluent diluted with Murrumbidgee River water in a 1:1 dilution which 
had approximately 30% mortality over the 21 days. This treatment had an EC of 0.45 mS/cm, 
and in terms of EC was comparable to 0.2 g/L CaCl2 (0.42 mS/cm, ±0.054) (see Table 3.1). 
There was no difference in growth in median HCW for Atalophlebia sp. in 50% WTP 
effluent (0 mm/day growth, p = 0.525) or 0.2 g/L CaCl2 (-0.0019 mm/day, p = 0.225) relative 
to the control (0.0019 mm/day) (Figure 3.5). Median rate of total length growth was higher 
for Atalophlebia sp. in 0.2 g/L CaCl2 (0.2688 mm/day) and 50% WTP effluent (0.0427 
mm/day) than for control animals (0.0138 mm/day); however the increase was not 
statistically significant (p = 0.127) (Figure 3.6). 
 
Test 2 – Growth  tests - Paratya australiensis 
Maximum mean carapace length growth rate occurred in 0.5 g/L CaCl2 (0.0069 mm/day, ±SE 
0.0068, n=6) (Figure 3.7). Minimum mean carapace length growth rate occurred in the WTP 
effluent (-0.0108 mm/day, ±SE 0.0111, n=6). However, maximum mean OCL growth rate 
occurred in the WTP effluent (0.0210 mm/day, ±SE 0.233, n=6) (Figure 3.8). There were no 
statistically significant differences in mean rate of carapace length growth between treatments 
and the control when P. australiensis were exposed to CaCl2 (p = 0.274), NaCl (p = 0.854), 
SMS (p = 0.515) and WTP effluent (p = 0.854). There were no statistically significant 
differences in mean rate of OCL growth between treatments and the control (CaCl2, p = 
0.274; SMS, p = 0.498; WTP effluent, p = 0.555). Due to poor survivorship over 21 days 
(only 1 individual) at 3 g/L NaCl there was not enough data for statistical comparison. 
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Figure 3.7 Mean (95% CI) growth rate of carapace length (measured as orbital to 
longest point) (mm/day) for Paratya australiensis exposed to calcium chloride (Ca), 
sodium chloride (Na), a synthetic marine salt (SMS), and effluent from a water 
treatment plant (WTP). 
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Figure 3.8 Mean (95% CI) growth rate of orbital carapace length (mm/day) for Paratya 
australiensis exposed to calcium chloride (Ca), sodium chloride (Na), a synthetic marine 
salt (SMS), and effluent from a water treatment plant (WTP). 
 
Discussion 
 
Current water quality guidelines and protocols preferentially recommend using species 
sensitivity distributions to estimate toxicant concentrations that will protect p% of species in 
a community (PCp) (DWAF., 1996, ANZECC. and ARMCANZ., 2000, CCME., 2007). SSDs 
are generally populated with available laboratory derived sensitivity data for multiple species, 
and are not usually designed to deal with mixtures (USEPA., 2002, CCME., 2007). In the 
case of salinity, most of the available data is for animals that have been exposed to 
representative salts, and salinity is reported in various ways, for example as EC or g/L 
(Williams and Sherwood, 1994, Palmer et al., 2004, NLWRA., 2008). 
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Choosing a representative salt for specific risk assessment scenarios can be problematic 
because in nature freshwater biota do not encounter “single” salts, nor salts with temporally 
and spatially homogenous ionic proportions. Additionally, waters containing an infinite 
number of different ionic mixtures can have the same EC (Jooste and Rossouw, 2002, 
Cormier et al., 2011). Furthermore, wastewaters are likely to contain a large number of 
chemicals, and it is possible that chemicals or mixtures of chemicals with toxic effects could 
be overlooked when only representative salts or representative toxicants are chosen as the test 
medium (van Dam and Chapman, 2001). However financial, logistical and time constraints 
often inhibit the toxicity testing of complex mixtures of compounds and specific wastewaters. 
Resultant of this, the inclusion of such testing for the derivation of water quality guidelines is 
often a consideration rather than a recommendation, for example (Palmer et al., 2004). 
 
In the current study and for the short term mortality tests (Test 1), all representative salts and 
the WTP effluent resulted in similar mortality effects for Atalophlebia sp. at the lower test 
concentrations (0.1-3 g/L). In terms of EC, 1 g/L CaCl2 and 100% WTP effluent were the 
most similar (0.83 and 0.73 mS/cm, respectively). There were no mortalities in either of these 
treatments at 144 hours exposure. However, Atalophlebia sp. were unable to survive in 100% 
WTP effluent for longer exposure periods (240 hours), and growth tests needed to be 
undertaken in a dilution of the effluent.  
 
In the growth test (Test 2), 0.2 g/L of CaCl2, NaCl and SMS and the WTP effluent had a 
similar EC (0.42, 0.52, 0.49 and 0.45 mS/cm, respectively). There were no statistically 
detectable differences in growth between the treatments at this salinity.  Atalophlebia sp. 
were able to survive and grow in 2 g/L CaCl2 but not in the diluted WTP effluent, nor the 
other representative salt treatments. Additionally, the WTP effluent was not acutely lethal to 
Atalophlebia sp., but was lethal over chronic exposure durations. Therefore, it was not 
feasible to estimate chronic effects of the WTP effluent using representative salts. 
 
Relative toxicity of representative salts in mortality tests 
For both species, from least to greatest, the toxicity ranking of the three salts was 
SMS<CaCl2<NaCl.  SMS was less toxic than CaCl2 and NaCl for both Atalophlebia sp. and 
P. australiensis. For Atalophlebia sp. the relative toxicity of all three representative salts 
became increasingly similar with increasing exposure duration, so that at 144 hours exposure 
SMS remained the least toxic, and the toxicity of CaCl2 was similar, but slightly less than that 
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of NaCl. Of the three representative salts, NaCl was the most toxic P. australiensis, with 
CaCl2 being only slightly more toxic than SMS.  
 
The above ranking of salt toxicity differs from that of Jooste & Rossouw (Jooste and 
Rossouw, 2002) and (Harless et al., 2011), where CaCl2 is ranked as being much more toxic 
than NaCl. One possible explanation for this difference is the differences in methodologies 
and test organisms used. Jooste & Rossouw (Jooste and Rossouw, 2002) populated dose-
response curves with (where necessary, projected) 336 hour LC50s from aquatic vertebrates, 
invertebrates and plants. (Harless et al., 2011) used only the larval wood frog, Rana sylvatica, 
and exposure duration of 96 hours.  
 
It has been suggested that salinity toxicity data from anywhere along the east coast of 
Australia can be used to estimate salinity toxicity to eastern Australian macroinvertebrate 
taxa (Kefford et al., 2007). The salinity tolerance of macroinvertebrate orders is similar 
across eastern Australian (Dunlop et al., 2008), between eastern Australia and South Africa 
(Kefford et al., 2005a), and between France and Israel (Kefford et al., 2012). The 72 hour and 
96 hour LC50 for three species of Atalophlebia and an unidentified Atalophlebia species (or 
an Atalphlebia species complex) exposed to SMS ranged from 12.8 to greater than 20 mS/cm 
(Kefford et al., 2006). In the current study, the 72 hour and 96 hour LC50 were 13.3 and 11.9 
mS/cm, respectively, both similar to the most sensitive lethal concentrations previously 
reported for Australian Atalophlebia. In the present study, P. australiensis were almost 
equally sensitive (72 hour LC50 of 34.5 mS/cm) as those from the Queensland Murray-
Darling basin (72 hour LC50 of 34.2 mS/cm, (Dunlop et al., 2008)). P. australiensis from the 
southern Murray-Darling basin in Victoria, Australia were slightly more sensitive, with a 72 
hour LC50 of 29.1 mS/cm (Kefford et al., 2006). Therefore, the current study supports the use 
of the most sensitive toxicity data from anywhere in eastern Australian macroinvertebrate 
taxa for inclusion in other parts of this region. 
 
Relative toxicity of representative salts in growth tests 
Atalophlebia sp. in 2 g/L CaCl2 was the only treatment that had a statistically detectable 
effect (increased growth) relative to the control. In ecotoxicological literature there is a 
diversity of responses from freshwater biota to calcium. (Zalizniak et al., 2006) reported no 
detectable differences in the acute toxicity of waters with varying ionic compositions for four 
freshwater invertebrate species and one protozoan, but that the water types lacking calcium 
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had the most deleterious chronic sub-lethal effects. However fecundity experiments exposing 
the freshwater snail Planorbarius corneus to CaCl2 concentrations ranging from 1.2 to 4.8 
g/L, resulted in a significant decrease in mean weekly egg mass number with increasing 
CaCl2 concentration (Mazuran et al., 1999). Likewise, calcium ions have been identified as a 
toxic component in mining effluent (Brix et al., 2010). 
 
Previous studies have shown that increasing salinity did not result in any significant changes 
in growth for Ephemeropterans (Chadwick and Feminella, 2001, Hassell et al., 2006). 
However, growth effects resultant of increasing salinity have been detected in non-
Ephemeropteran stream insects. Clark et al.  (Clark et al., 2004) detected a significant 
decrease in growth rates of wet and dry mass for the freshwater mosquito Aedes aegypti 
exposed to increasing salinity. Other non-Ephemeropteran stream invertebrates have been 
shown to have increased growth rates at intermediate salinity (Kefford and Nugegoda, 2005, 
Kefford and Zalizniak, 2006).  
 
In the present study, there were no significant differences in growth between salt types for P. 
australiensis. We consider three possible reasons for this: temperature/seasonally dependent 
development, insufficient exposure duration, and insensitivity to the measured end-point. 
Williams (1977) (Williams, 1977) investigated the life cycle of P. australiensis and reported 
that growth appeared to be minimal between the months of April and August. P. australiensis 
used in the present study were field collected within these months, and so it is possible that 
no difference in growth between treatments was resultant of a seasonal development cycle. 
Additionally, rate of development over a 208 hour (8-9 day) tests on the freshwater prawn 
Macrobranchium australiense (Decapoda: Palaemonidae) was highly dependent on 
temperature (but not salinity), with nymphs reared at lower temperatures requiring a longer 
time to metamorphose than nymphs reared at higher temperatures (Lee and Fielder, 1981).  
 
Conversely, significant differences in the growth of P. australiensis exposed to increasing 
salinity (using SMS) have been demonstrated on juvenile shrimps field collected in April-
May (late autumn) (Paradise, 2009). Paradise (2009) used exposure duration of two months, 
and significant differences were detected in dry mass measurements. The current study used 
shorter exposure duration and had differing measured endpoints. However, the exposure 
duration and measurements used in the current study have successfully detected differences 
in growth for the freshwater shrimp Caridina nilotica (Decapoda: Atyidae) exposed to NaCl 
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and Na2SO4 (Slaughter et al., 2008). Slaughter et al. (Slaughter et al., 2008) suggested that a 
short-term chronic test of 20 days could detect differences in salinity toxicity, but this was not 
the case for P. australiensis in the current study. 
 
Conclusion 
For both P. australiensis and Atalophlebia sp., the toxicity ranking of the three salts from 
least to greatest toxicity was synthetic marine salt, calcium chloride, sodium chloride. Setting 
protective concentrations based on synthetic marine salt toxicity underestimates the toxicity 
of calcium chloride, sodium chloride and (the chronic effects of) water treatment plant 
effluent. Atalophebia sp. were able to grow in calcium chloride but not in the WTP effluent, 
therefore it would not be feasible to use calcium chloride as a representative salt in the case 
of this WTP effluent. This and the diversity of effects from calcium reported in literature 
support the undertaking of whole effluent toxicity tests. Furthermore, the disparity between 
the ranking of toxicities of the three representative salts in this study and other reported 
literature add support to the recommendation of site specific and whole effluent toxicity 
testing.  
 
Acknowledgement 
This research was funded by ActewAGL and we thank Kate Elliot, Zoe Moore, Laslo Nagy 
and Ian Wallis for providing information on the LMWQCC.  
 
 
 
 
 
 
 
 
 
 
 
 
 
 
109 
 
Supplement 2: Supplemental data 
Do single salt compounds approximate the toxicity of saline 
effluent to freshwater invertebrates? 
 
 
Figure S1. Dose-response curves for Atalophlebia sp. exposed to calcium chloride 
(CaCl2), sodium chloride (NaCl) and a synthetic marine salt (SMS) for 72 hours. 
Salinity is given as electrical conductivity (mS/cm). 
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Table S1. Modeled toxicity (measured as electrical conductivity, mS/cm) of calcium chloride (CaCl2), sodium chloride (NaCl) and 
synthetic marine salt (SMS) lethal to 10% (LC10) and 50% (LC50) of test populations of Atalophlebia sp. and Paratya australiensis (±95% 
CI). nc = not calculated 
Species Salt 
72 hours 96 hours 144 hours 336 hours 
LC10 LC50 LC10 LC50 LC10 LC50 LC10 LC50 
Atalophlebia sp. CaCl2 5.2  
(3.5-6.1) 
7.2 
(6.4-8.3) 
4.8  
(3.1-5.7) 
6.9  
(6.0-7.9) 
1.6  
(0.48-2.4) 
5.3  
(3.8-9.1) nc nc 
NaCl  4.8  
(0-6.9) 
9.4  
(7.2-13) 
4.6  
(1.6-6.2) 
9.0  
(7.6-11) 
 3.9  
(1.4-5.3) 
8.2  
(6.9-9.9) nc nc 
SMS 9.2  
(6.6-10) 
15  
(14-17) 
8.4  
(5.8-10) 
14  
(13-15) 
6.0  
(3.2-7.7) 
11  
(10-13) nc nc 
Paratya 
australiensis 
CaCl2 20  
(0-25) 
27  
(17-40) 
19  
(9.7-22) 
26  
(23-30) 
16  
(9.5-20) 
23  
(20-27) 
15  
(10-18) 
20  
(17-24) 
NaCl 8.2  
(3.2-10) 
12  
(9.9-14) 
4.5  
(0.68-6.4) 
8.5  
(6.7-12) 
3.9  
(nc) 
7.4  
(nc) 
3.3  
(1.7-4.4) 
5.1  
(4.0-7.1) 
SMS 26  
(10-30) 
32  
(27-37) nc nc 
25  
(6-29) 
31  
(26-36) 
25  
(0-28) 
30  
(22-36) 
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Figure S2. Dose-response curves for Atalophlebia sp. exposed to calcium chloride 
(CaCl2), sodium chloride (NaCl) and a synthetic marine salt (SMS) for 144 hours. 
Salinity is given as electrical conductivity (mS/cm). 
 
 
Figure S3. Proportion of Atalophlebia sp. to moult when exposed for up to 144 hours to 
calcium chloride (CaCl2). Note: there was no control moulting at 24 and 72 hours, 0.06 
at 96 hours, and 0.1 at 144 hours. 
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Figure S4. Proportion of Atalophlebia sp. to moult when exposed for up to 144 hours to 
sodium chloride (NaCl). Note: there was no control moulting at 24 and 72 hours, 0.06 at 
96 hours, and 0.1 at 144 hours. 
 
 
Figure S5. Proportion of Atalophlebia sp. to moult when exposed for up to 144 hours to 
a synthetic marine salt (SMS). Note: there was no control moulting at 24 and 72 hours, 
0.06 at 96 hours, and 0.1 at 144 hours. 
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Figure S6. Dose-response curves for Paratya australiensis exposed to calcium chloride 
(CaCl2), sodium chloride (NaCl) and a synthetic marine salt (SMS) for 72 hours. 
Salinity is given as electrical conductivity (mS/cm). 
 
 
 
Figure S7. Dose-response curves for Paratya australiensis exposed to calcium chloride 
(CaCl2), sodium chloride (NaCl) and a synthetic marine salt (SMS) for 144 hours. 
Salinity is given as electrical conductivity (mS/cm). 
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How do temporally varying salinity scenarios affect 
osmoregulation and mortality in the freshwater shrimp 
Paratya australiensis Kemp (Decapoda: Atyidae)? 
 
I have already noted that salinity varies through time, and that literature on the effects of 
temporally varying salinity on freshwater macroinvertebrates is, at best, limited. This chapter 
empirically explores the real experience of a freshwater taxon to temporal variations in 
salinity. Thus, results from this study will improve knowledge on how variable salinity 
modifies the risk of salinity to these animals. 
 
This paper will be submitted to a peer reviewed journal for publication consideration. It 
will be submitted as: Dowse, R., Hills, K., Palmer, CG. and Kefford, BJ. How do 
temporally varying salinity scenarios affect osmoregulation and mortality in the freshwater 
shrimp Paratya australiensis Kemp (Decapoda: Atyidae)? 
Author contributions: Experimental design, laboratory set up, field collection of 
macroinvertebrates, experimental work, statistical analyses and writing of this chapter was 
predominately undertaken by R. Dowse. K. Hills assisted in the field, in the laboratory during 
experiments, and with some graphing (supplemental data section) and statistical analyses. 
This research was supported by funding from CG. Palmer and BJ. Kefford. CG. Palmer and 
BJ. Kefford contributed to the design of this study; however the final experimental design 
was undertaken by R. Dowse. Recommendations and editing from co-authors improved this 
chapter. 
 
Keywords: delayed effect, freshwater salinisation, ionic regulation, major ions, osmolality. 
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Introduction 
Salinity is considered a critical stressor on freshwater organisms, and the effects of increasing 
salinity on freshwater macroinvertebrates has been reviewed extensively (Hart et al., 1991, 
Kefford et al., 2004a, Kefford et al., 2012, Cañedo-Argüelles et al., 2013). Generally risk 
assessment and water quality guideline derivation protocols, including those for salinity, 
incorporate sensitivity data based on standard, static (i.e. salinity does not vary temporally) 
laboratory bioassays (USEPA., 2002, Muschal, 2006, Kefford et al., 2007). This is 
problematic because in the natural environment the salinity of freshwater systems never 
remains constant or increases at a constant rate.  
Additionally, there has been speculation that differing modes of saline wastewater release 
will affect aquatic biota differently (Hart et al., 1991). For example, Hart et al., (1991) 
suggested that pulsed releases (a rapid increase in salinity followed by a decrease) of saline 
water will have greater effects on biota than the same load of salt released at a lower and 
constant concentration over a long period of time , and indeed this has been shown to be true 
for salt sensitive macroinvertebrates (Marshall and Bailey, 2004). Conversely, freshwater 
macrophytes have been shown to tolerate pulses of saline water, but only if there is sufficient 
recovery time in between pulses (Goodman et al., 2010). An understanding of the sub-lethal 
and lethal effects of salinity fluxes on freshwater biota is needed so that salinity risk 
assessment can take account of varying salinity. 
The way in which salinity sensitivity data is currently used assumes that if in-stream salinity 
rises to, for example a level known to be lethal to 50% of a population (LC50), then 50% of 
the population will die, even if the stream returns to its normal baseline salinity. Aiming to 
account for the uncertainty caused by varying environmental conditions, risk assessments and 
water quality guidelines protocols recommend the incorporation of a safety factor  (CCME., 
2007) or the use of the percentile of a toxicant concentration (for example, the 95
th
 percentile) 
(Jooste and Rossouw, 2002). The inclusion of such precautions is considered necessary 
because with the exception of studies on wetlands (Brock and Lane, 1983, Brock et al., 2003, 
James et al., 2009) there is, at best, limited research on the salinity sensitivity of freshwater 
organisms (particularly freshwater macroinvertebrates) exposed to varying salinity regimes. 
Osmoregulation is the active control of intra- and extra- cellular ionic concentrations and 
volume by organisms. It is a vital physiological process for all freshwater animals so that they 
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can maintain homeostasis as the salinity of their environment changes (Bradley, 2009). As 
such, osmoregulation is often included in reviews on the effects of salinity on freshwater 
biota (Hart et al., 1991, Nielsen et al., 2003, Cañedo-Argüelles et al., 2013). There are various 
modes of osmoregulation. Hyperosmotic regulators maintain internal media at a higher 
osmotic pressure than their external salinity. Conversely, hypo-osmotic regulators maintain 
internal media at a lower osmotic pressure than the external salinity. 
This paper investigates the effects of different temporally varying salinity exposure scenarios 
on the mortality and osmoregulation of the freshwater shrimp Paratya australiensis, field 
collected from the Hunter River catchment, New South Wales, Australia. Freshwater 
salinisation is a serious threat in the Hunter River catchment, where saline wastewater from 
mining activities and power generation plants is disposed of into the river. This disposal is 
managed by the Hunter River Salinity Trading Scheme, however even under such 
management there are spikes in salinity in the Hunter catchment, and the effects of 
temporally varying salinity scenarios on freshwater macroinvertebrates is uncertain. 
 
Methods 
The effects of different temporal patterns in salinity change were investigated using field 
collected freshwater shrimp Paratya australiensis Kemp (Decapoda: Atyidae). P. 
australiensis was chosen because they are abundant and widely distributed in eastern 
Australian catchments (Williams et al., 1990, Kefford et al., 2003, Dunlop et al., 2008), 
including the Hunter River catchment (pers. obs.). As such, they are commonly used in 
salinity toxicity testing under constant salinity regimes, and similar atyiid shrimps are 
common test animals in other parts of the world (Kefford et al., 2004b, Slaughter et al., 
2008). Although Paratya is formally represented by a single described species, evidence 
suggests that P. australiensis actually consists of several cryptic species (Cook et al., 2006). 
Genomic sequencing has shown that there are several linages of Paratya within the Hunter 
River catchment (T. Page, unpublished data). For the present study, a sub-sample of P. 
australiensis were sequenced for the cytochrome c oxidase sunbunit 1 mitochondrial gene 
and compared with existing sequences (see Acknowledgement). All specimens were from a 
single linage (or cryptic species), Linage 4F (see Cook et al., 2006). At the start of the 
experiment carapace length (CL) was measured on a sub-sample of P. australiensis. Carapace 
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length was measured from the posterior level of the orbit to the widest point of the carapace 
edge. Lengths were taken from captured images using Leica IM Software. Mean carapace 
length was 3.52 mm (range of 1.31 to 5.35 mm, n=79). 
   
Field collection, acclimation, and general experimental conditions 
P. australiensis were collected from the Hunter River at Moonan Flat, New South Wales 
(NSW), Australia (S31° 55.529 E151° 14.235). Mean salinity (measured as electrical 
conductivity, EC, mS/cm @ 25 °C) was 0.211 mS/cm (±0.085 (SD), range 0.123 – 0.314 
mS/cm, n=5). In the laboratory, P. australiensis were randomly allocated to aquaria 
containing 3 L of aerated copper free water (Sydney tap water treated through activated 
carbon filtration, and filtered through a 1 µm sediment filter and UV filter, herein referred to 
as control water), and were acclimated to the 17°C temperature controlled test room 
conditions for two to three days. P. australiensis were fed crumbled fish flakes up to 24 hours 
prior to experimentation, but were not fed during the experiments. No gravid animals were 
used in any of the tests. Throughout acclimation and during all experiments, aquaria were 
checked daily for mortality, and exuviae and dead animals were removed. Water quality 
parameters (conductivity, dissolved oxygen, pH and temperature) were monitored daily. 
Aquaria were covered to reduce evaporation. The salt source in all experiences was the 
synthetic marine salt Ocean Nature (SMS) (Aquasonic, Wauchope, NSW). Synthetic marine 
salt was chosen because the most common inland saline waters in Australia have ionic 
proportions similar to sea water (Herczeg et al., 2001). Four series of experiments were 
conducted. The first two series involved exposing P. australiensis to increasing salinity 
concentrations, with the concentration of salinity remaining temporally constant. In series 
three and four, P. australiensis were exposed to temporally varying salinity scenarios. 
 
Series 1 – mortality 
Three toxicity bioassays were conducted where mortality was the response variable and 
where P. australiensis were directly transferred from acclimation aquaria to experimental 
waters (direct transfer). P. australiensis were collected over two seasons during March 
(autumn), September and October (spring). In each of these experiments animals were 
exposed to ten salinity treatments, ranging from 0.01 g/L to 50 g/L of added SMS (EC= 0.216 
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to 62.1 mS/cm) , and control treatments (with no added SMS, EC=0.203 mS/cm ±0.011 SD, 
n=12 ). Over the three experiments, a total of 19 different salinity concentrations were used. 
Depending on the seasonal abundance, these experiments exposed a minimum of 11 and a 
maximum of 43 P. australiensis per aquarium, with a total of 872 used across all experiments 
for series 1. Each experimental run consisted of one aquarium per treatment and two for the 
control, with replication provided by repeating the experiment three times. Results of the 
three experiments were pooled to produce a single dose-response curve. These experiments 
provided baseline constant salinity dose-response data, and concentrations for subsequent 
experiments were chosen based on this dataset.  
 
Series 2 - osmoregulation and mortality during a direct transfer increase in salinity 
The series 2 experiments involved directly transferring P. australiensis to aquaria containing 
15, 20 and 25 g/L added SMS, with 25 g/L chosen as it approximated the 72-h LC50 value 
(25.3 g/L) from the series 1 mortality test (see Table 5.1). For each treatment there were three 
replicate aquaria, each containing an average of 31 (range of 27 to 37) individual P. 
australiensis. As a procedural control, P. australiensis were also transferred to a replicated 
control treatment with no added SMS (n=2). Osmolality of the aquarium water and the 
haemolymph of P. australiensis.were measured every 24 hours. 
 
Measuring osmolality 
Osmotic pressure was measured as osmolality (mmol/kg) using a Vapro 5520 vapour 
pressure osmometer equipped with a 10 µL sample chamber (Wescor, Utah, USA). 
Osmolality is an expression of the total number of solute particles dissolved in 1 kg of 
solvent. The osmolality of the external water (hereafter aquarium osmolality) was measured 
three times per replicate aquarium per exposure period. At each exposure period five replicate 
haemolymph osmolality measurements were taken for P. australiensis per treatment and 
control. To extract haemolymph, P. australiensis were placed in a plastic weighing tray on 
ice to depress rapid movement. Immediately prior to haemolymph extraction animals were 
quickly dipped in deionised water to remove any external salt and blotted with lint-free tissue 
to remove excess water. Individuals were held over filter paper (Wescor sample disks SS-
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033) and a thin probe was used to puncture the heart. Haemolymph bled freely onto the filter 
paper. Osmolality was measured only on live animals, after which they were discarded. 
 
Series 3 – osmoregulation and mortality during a step increase then decrease in salinity 
P. australiensis were field collected in March (early autumn) and randomly allocated to 
aquaria (n=8) containing control water. A mean of 73 individuals were added per aquarium 
(range of 60 to 92). After three days acclimation, treatment P. australiensis were directly 
transferred to aquaria (n=6) containing 15 g/L added SMS. This salinity was chosen because, 
in series 1 and at 48 hours, there was no mortality at 15 g/L added SMS. P. australiensis were 
also transferred to replicated control treatments with no added SMS (n=2 aquaria). 
Treatment P. australiensis were then subjected to a second increase in salinity, to either 25 
g/L (T1, n=3) or 30 g/L (T2, n=3). This type of increase is sometimes referred to as a ‘slow 
acclimation’ but we refer to it as a step increase. These concentrations were maintained for a 
further 48 hours (i.e. a total exposure period of 96 hours).  These concentrations were chosen 
because, in previous experiments they approximated 10% and 50% mortality at 96 hours.  
In the third phase of this series, all P. australiensis were returned to aquaria containing 
control water for 48 hours (i.e. a total exposure period of 144 hours). As a procedural control, 
control aquarium water was renewed with each change in treatment water. Haemolymph and 
aquaria osmolality were measured, and mortality recorded every 24 hours, for the duration of 
the experiment. Under normal conditions, P. australiensis are transparent to highly 
translucent (pers. obs.), but become opaque (white, pink or orange) when stressed or dead 
(Gooderham and Tsyrlin, 2002). In this series, observations were also made on the colour and 
behavior of the test animals. 
 
Series 4 – osmoregulation and mortality during a ramp increase then decrease in salinity 
For the series 4 experiments P. australiensis were field collected in April (mid-autumn) and 
randomly allocated to aquaria (n=9) containing control water. Each replicate aquarium 
contained a mean of 87 individuals (range of 78 to 97). This experiment consisted of control, 
positive control (a direct transfer treatment) and a ramp treatment each replicated three times. 
Salinity in the ramp treatment aquaria was gradually increased from control water to 35 g/L 
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SMS over 72 hours, then maintained at this concentration for a further 24 hours. This 
concentration was chosen because P. australiensis could not withstand 35 g/L in the series 1 
experiments. Salinity was increased by the introduction of saline solutions, using a peristaltic 
pump. The water exchange rate was calculated using formula number 3 from (Kraul et al., 
1985). A data logger was used to record EC every ten minutes. P. australiensis were then 
returned to aquaria containing control water for a further 48 hours. As a procedural control, 
control aquarium water was renewed with each change in treatment water. Haemolymph and 
aquaria osmolality were measured, and mortality recorded, every 24 hours, for the duration of 
the experiment. 
 
Statistical analysis 
Dose-response data from the Series 1 experiments was analysed using logistic regression 
(SPSS Statistics 17.0) to estimate the concentrations lethal to 10 and 50% of the population 
(LC10, LC50). For Series 3 experiments, data were checked for homogeneity of variance and a 
2 factor analysis of variance (ANOVA) was used to compare treatments (SPSS Statistics 21) 
using the data variables haemolymph osmolality, treatment and time. Significant interactions 
between time and concentration were subjected to multiple comparisons within levels of a 
factor using Tukey Simultaneous Tests. Because all interactions were significant, the data 
was separated by time and by treatment, and a one-way ANOVA was performed. 
 
Results 
Series 1 – mortality 
By 72 hours exposure no animals survived in concentrations of 35 g/L and higher (Table 4.1). 
The dose-response curves show the 72 hour LC99 to be slightly less than 35 g/L (Supplement 
3, Figures S1 and S2), decreasing to 30 g/L at 144 hours exposure (Supplement 3, Figures S7 
and S8). At 96 hours exposure, mean mortality was 12% (±6, n=2) in 25 g/L, and 57% (±18, 
n=3) in 30 g/L added salt (Supplement 3, Figure S3).  At 144 hours exposure there was 
negligible mortality up to 15 g/L (Supplement 3, Figure S8). 
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Table 4.1 Modeled salinity concentrations (95% confidence interval) lethal to the 
freshwater shrimp Paratya australiensis under constant salinity test conditions (LCx)
a
. 
Salinity given as g/L. nc=not calculable 
Time LC10 LC50 
72 hours 25.3 (20.8-27.1) 29.5 (27.9-31.3) 
96 hours 22.6 (nc) 28.9 (nc) 
120 hours 22.3 (nc) 28.5 (nc) 
144 hours 21.9 (nc) 28.0 (nc) 
a 
Dose-response curves where salinity is given as g/L and EC can be found in Supplement 3, 
Figures S1 to S8. 
 
Series 2 - osmoregulation and mortality during a direct transfer increase in salinity 
During the 96 hour exposure duration, there was no mortality in the control, 15 or 20 g/L 
treatments. For the highest salinity treatment (25 g/L), P. australiensis had incurred mortality 
by 48 hours exposure, and at 96 hours 16% (±SE 0.03, mean of 3) of the population had died. 
At all exposure times, haemolymph salinity of control P.australiensis (range of means for all 
exposure periods ±SE, 347±4 to 371±9 mmol/kg) was always much higher than that of the 
aquarium salinity (range of means for all exposure periods ±SD, 5±5 to 14±3 mmol/kg) 
(Supplement 3, Table S1). An increase in aquarium salinity corresponded with increase in 
haemolymph salinity for all treatments (Figure 4.1 and Supplement 3, Figure S9). From 24 
hours onwards in 25 g/L, P. australiensis’s haemolymph salinity (range of means for all 
exposure periods ±SE, 650±1 to 691±1 mmol/kg) was only slightly higher than the aquarium 
salinity (range of means for all exposure periods ±SD, 640±3 to 652±4 mmol/kg) 
(Supplement 3, Table S1). 
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Figure 4.1 Osmoregulation of Paratya australiensis exposed to constant salinities of 15, 
20 and 25 g/L. Salinity is measured as osmolality (mmol/kg). The iso-osmotic line 
represents where aquarium osmolality and haemolymph osmolality are equal. 
 
Series 3 – osmoregulation and mortality during a step increase then sudden decrease in 
salinity 
There was no or negligible mortality for the control and both treatment 1 (T1) and treatment 2 
(T2) over 48 hours exposure after direct transfer to 15 g/L (Figure 4.2). After being subjected 
to a step increase in salinity to 25 g/L (T1) for a further 48 hours (i.e. a total of 96 hours), 
there was still negligible mortality (3.2% ±SE 1.6, n=3). Those P. australiensis experiencing 
a step increase in salinity to 30 g/L (T2) had 10% mortality (±SE 6.6, n=3) (Figure 4.2). Both 
treatments incurred further mortality following the return to control water (at 96 hours since 
the experiment started) with 7.0% mortality (±SE 1.6, n=3) in those exposed up to 25 g/L 
(T1) and 25% mortality (±SE 9.6, n=3) in those exposed to up to 30 g/L (T2) when the 
experiment was terminated at 144 hours (Figure 4.2). 
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Figure 4.2 Mortality of Paratya australiensis subjected to a step increase then a sudden 
decrease. Both treatments were exposed to 15 g/L added synthetic marine salt for 48 
hours, after which salinity was increased to 25 g/L (T1) and 30 g/L (T2) for another 48 
hours. Treatments were then returned to control water for further 48 hours. Data are 
means ±SE, n=3 for treatments, n=2 for control. 
 
At an exposure period of 72 hours, P. australiensis in both treatments had changed colour 
and were no longer transparent. At an exposure period of 96 hours, T1 animals moved 
relatively slowly, only attempting to evade capture (with a net) once or twice, if at all. At the 
same exposure period, T2 animals were inactive, rarely attempting to evade capture. In 
comparison, control P. australiensis were transparent, highly active, and able to quickly 
evade capture.  
The step increases and the decrease in aquarium salinity corresponded with increases and a 
decrease, respectively, in P. australiens’s haemolymph salinity (Figure 4.3). After 48 hours 
exposure to a salinity concentration of 15 g/L there were no significant differences between 
the mean haemolymph salinity of T1 and T2 (p=0.363), but both treatments were statistically 
different to the control (T1 p=0.003, T2 p=0.008). After the step increase in salinity, 
haemolymph salinity had increased in both T1 and T2 at 96 hours total exposure (Figure 4.3), 
and the mean haemolymph salinity of all groups were statistically different (p=<0.001). 
Haemolymph salinity almost doubled in T2: from 413 mmol/kg (±SE12.0, n=3) after 48 
hours at 15 g/L, to 731 mmol/kg (±SE14.4, n=3) after a salinity increase to 30 g/L. The 
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corresponding aquarium salinity was 387 mmol/kg (±SE2.2, n=3) and 761 mmol/kg 
(±SE1.7), respectively. 
 
 
Figure 4.3 Comparison of mean haemolymph salinity (n=3, ±SE) for Paratya 
australiensis exposed to a step increase then sudden decrease in salinity. Both 
treatments were exposed to 15 g/L added synthetic marine salt for 48 hours, after which 
salinity was increased to 25 g/L (T1) and 30 g/L (T2) for a further 48 hours. Treatments 
were then returned to control water for another 48 hours. Data are means ±SE, n=3 for 
treatments, n=2 for control. 
 
For both treatments at 96 hours total exposure, P. australiensis were unable to maintain 
haemolymph salinity greater than the aquarium salinity (Supplement 3, Table S2). The effect 
was larger for T2 (mean aquarium salinity was 30 mmol/kg higher than mean haemolymph 
salinity) than for T1, where mean aquarium (n=3) salinity was 8 mmol/kg higher than mean 
haemolymph (n=3) salinity (Supplement 3, Table S2). Haemolymph salinity in the control 
was always much higher than that of the aquarium salinity. When all treatments were 
returned to control water for 48 hours (total experiment time of 144 hours) there were no 
differences in mean haemolymph salinity between both treatments and the control (p=0.994). 
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Series 4 – osmoregulation and mortality during a ramp increase and sudden decrease in 
salinity 
With a ramp increase in salinity over 72 hours exposure to a salinity of 35 g/L, P. 
australiensis incurred 12% (±SE 0.02, n=3) mortality (Figure 4.4). With continued exposure 
at 35 g/L, mortality doubled to 24% (±SE 0.02, n=3). When the remaining P. australiensis 
were directly transferred to control water mortality continued to increase (Figure 4.4), with 
47% (±SE 0.08) mortality after 48 hours in the control water (144 hours since the start of the 
experiment). There was an increase in haemolymph salinity as aquarium salinity increased 
(Figure 4.5). However, P. australiensis were able to maintain haemolymph salinity less than 
that of the high aquaria salinity (Figure 4.5). 
 
 
Figure 4.4 Comparison of mortality for Paratya australiensis under direct transfer (to 35 
g/L) and ramp increase salinity exposures. Ramp=aquarium salinity is gradually 
increased to 35 g/L over a 72 hour period and maintained at this concentration for a 
further 24 hours. Animals are then returned to control water for 48 hours. Data are 
means ±SE, n=3. 
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Figure 4.5 Comparison of mean osmoregulation (measured as osmolality, ±SE, n=3) for 
Paratya australiensis under control conditions and as aquarium salinity is gradually 
increased to 35 g/L over a 72 hour period and maintained at this concentration for a 
further 24 hours. 
 
Summary and comparison of mortality under varying salinity regimes 
P. australiensis is a salinity tolerant species (Kefford et al., 2003, Dunlop et al., 2008). 
Across all experiments they were able to survive in salinities up to and including 15 g/L 
added salt, with negligible mortality (over 144 hours exposure). A ramp increase in salinity 
resulted in lower mortality than a direct transfer salinity regime. Direct transfer of P. 
australiensis to a salinity of 35 g/L and higher resulted in 100% mortality over 72 hours. 
However, when salinity was ramped up to 35 g/L over 72 hours, mean mortality of the P. 
australiensis population was reduced to 12% (±SE 0.02, n=3), and when the salinity was 
retained at 35 g/L for a further 24 hours the mortality rate was still only 24% (±SE 0.02, 
n=3). In comparison, under direct transfer conditions to 35 g/L, P. australiensis incurred 93% 
mortality after only 24 hours exposure (see Figure 4.4). 
A step increase in salinity also resulted in reduced mortality for P. australiensis. Salinity was 
first increased to 15 g/L added salt with, as previously stated, negligible mortality. After a 
step increase in salinity to 25 g/L and for 48 hours (i.e. a total exposure duration of 96 hours), 
P. australiensis incurred 3.2% (±SE 1.6, n=3) mortality, compared to 12% (±6, n=2) in the 
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direct transfer experiments (and at 96 hours). A step increase to 30 g/L for 48 hours (and a 
total exposure duration of 96 hours) resulted in 10% mortality (±SE 6.6, n=3); a large 
reduction relative to 57% (±18, n=3) mortality in 30 g/L and at 96 hours exposure.   
 
Discussion 
  
Osmoregulation and mortality under varying salinity regimes 
Ionic regulation has been studied in various crustaceans (Shaw and Sutcliffe, 1961, Sutcliffe, 
1971, Sutcliffe, 1974), with some showing both hypo- and hyperosmotic regulation (Schmidt-
Nielsen and Laws, 1963). We show here that P. australiensis is capable of both hypo- and 
hyperosmotic regulation, and that the mode of osmoregulation is dependent on the salinity 
regime. In the direct transfer experiments, there was a corresponding rise in haemolymph 
salinity as aquarium salinity was increased. The haemolymph salinity of control P. 
australiensis was hyperosmotic to the aquarium salinity, and even though haemolymph 
salinity did rise in the 15 g/L treatments, it also remained hyperosmotic to the aquarium 
salinity at all times. When exposed to salinities higher than 15 g/L in the direct transfer 
experiments, there was a reduction in the difference between internal and external osmotic 
pressures. After 96 hours exposure to 25 g/L, the haemolymph salinity of P. australiensis 
reached the iso-osmotic point.  Given that this is the only treatment in which P. australiensis 
incurred mortality, it would appear that this mortality was caused by the animals reaching the 
upper threshold of their osmoregulatory capacity. This is consistent with common 
osmoregulatory assumptions which state that the upper limits of salinity tolerance in 
freshwater taxa is usually reached when haemolymph and external salinities are iso-osmotic 
(Bayly, 1972, Hart et al., 1991) 
Osmoregulation during a ramp increase in salinity was unlike the osmoregulatory response to 
a direct transfer increase in salinity. During a ramp increase in salinity, P. australiensis 
hyporegulated; maintaining their haemolymph salinity less than that of the high aquarium 
salinity. During the ramp increase in salinity P. australiensis to able to tolerate higher 
salinities that were previously associated with mortality. Hyporegulation also occurred during 
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a step increase in salinity, at both 25 and 30 g/L, and again there was reduced mortality 
relative to a direct transfer to high salinities. 
 
Latent mortality effects 
When P. australiensis were returned to control water for 48 hours after both a step increase 
and a ramp increase in salinity, treatment animals incurred further mortality. For animals 
exposed to a ramp increase in salinity, mortality rose from 24% (±SE 0.02, n=3) just before 
being returned to the control (at 96 hours of the experiment) to 47% (SE 0.08, n=3) after 48 
hours in control water. Latent mortality effects were slightly higher under a step increase in 
salinity, despite the haemolymph salinity of treatment animals returning to that of the control.  
In salinity exposed P. australiensis, the fact that haemolymph salinity returned to the same 
concentrations as control individuals on transfer back to control salinity, and that mortality 
was still occurring, may indicate that mortality in this case is not due to osmoregulatory 
breakdown. Or alternatively, it may indicate that osmoregulation breakdown when P. 
australiensis were exposed to high salinity injured them, but that there is a delay between 
suffering the injury and mortality occurring (a latent mortality effect), and that returning to 
control salinity levels was not sufficient for (at least all of) these individual to recover. 
Schmidt-Nielsen and Laws (1963) review the three factors involved in crustacean 
osmoregulation, summarized as: active ion uptake and secretion, permeability of the body 
surface, excretion by the kidneys, but with no discussion of how these factors are related to 
mortality. In the step increase experiment (at 72 hours exposure) we recorded colour and 
behavioural changes in the treatment animals. P. australiensis exposed to 25 and 30 g/L 
added salt went from opaque and active, to white and inactive possibly indicating cellular and 
tissue damage at high salinities, which Bayly (1972) refers to as the upper limits of tissue 
tolerance. Alternatively, latent mortality in P. australiensis could be a result of the 
osmoregulation of intracellular fluid (Gilles and Pequeux, 1983). 
Here we have shown a number of effects that are seldom considered in ecotoxicological 
studies. These effects raise questions about the standard risk assessment procedures and 
protocols for a contaminant like salinity, is highly temporally variable. Latent effects mean 
that current acute studies may underestimate the effect of salinity. Conversely, increased 
129 
 
tolerance when salinity is stepped or ramped up (i.e. acclimation), may mean that acute 
results from constant exposures overestimate salinity impacts. 
Current risk assessment protocols recommend the use of species sensitivity distributions 
(SSDs) to derive water quality guidelines (Posthuma et al., 2001). Populating SSDs with 
chronic data obtained from toxicity tests’ using local species is preferred (ANZECC. and 
ARMCANZ., 2000), however at least for salinity, there may not be enough data to do this 
(Dowse et al., 2013). Instead, LC50s (the concentration that is lethal to 50% of a test 
population) obtained from acute toxicity tests are most commonly used. Acute data can be 
subjected to precautionary transformations such as acute-to-chronic ratios (ANZECC. and 
ARMCANZ., 2000, CCME., 2007), but this does not necessarily take into consideration 
latent effects. Estimating the toxicity of intermediate discharges of saline water to rivers 
which are turned on and off and which increase/decrease at various rates is not possible with 
current data. This has implications for risk assessment in general (that is, not confined to 
salinity risk assessment), because latent effects are likely to occur after exposure to other 
toxicants and stressors, such as agrochemicals (for example, see Reinert et al., 2002). 
 
Conclusion 
In terms of acute toxicity under a standard direct transfer salinity experiments, 15 g/L added 
salt appears to be the concentration at which P. australiensis maintain negligible mortality. 
When directly transferred to salinity concentrations higher than this, there is a rapid increase 
in mortality and haemolymph salinity becomes iso-osmotic or higher than the external 
medium. This suggests a causal relationship between salinity, osmoregulatory breakdown and 
mortality. P. australiensis are capable of hyper- and hypo- osmoregulation; the way in which 
P. australiensis regulate being determined by the salinity regime. When first directly 
transferred to high salinities, P. australiensis hyperregulate. When exposed to a step and 
ramp increase to high salinities P. australiensis hyporegulate. Under slowly increasing 
salinity regimes mortality is reduced but not eliminated, relative to direct transfer exposure. 
However, mortality continues when P. australiensis are returned to control water, despite 
haemolymph salinity returning to a normal baseline level. Such latent effects are not currently 
considered in salinity risk assessment, and are not incorporated into current water quality 
guideline derivation protocols. Further research on the causes of latent mortality in P. 
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australiensis is needed so that salinity risk assessment can take into account how salinity 
affects organisms in nature. 
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Supplement 3: Supplemental data 
How do temporally varying salinity scenarios affect osmoregulation and mortality in the freshwater 
shrimp Paratya australiensis Kemp (Decapoda: Atyidae)? 
 
     
Figure S1. Dose-response curve for the freshwater shrimp                 Figure S2. Dose-response curve for the freshwater shrimp             
 Paratya australiensis exposed to increasing salinity for                       Paratya australiensis exposed to increasing salinity for 72 hours. 
72 hours. 
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Figure S3. Dose-response curve for the freshwater shrimp                 Figure S4. Dose-response curve for the freshwater shrimp             
 Paratya australiensis exposed to increasing salinity for                       Paratya australiensis exposed to increasing salinity for 96 hours. 
96 hours. 
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Figure S5. Dose-response curve for the freshwater shrimp                 Figure S6. Dose-response curve for the freshwater shrimp             
 Paratya australiensis exposed to increasing salinity for                       Paratya australiensis exposed to increasing salinity for 120 hours. 
120 hours. 
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Figure S7. Dose-response curve for the freshwater shrimp                 Figure S8. Dose-response curve for the freshwater shrimp             
 Paratya australiensis exposed to increasing salinity for                       Paratya australiensis exposed to increasing salinity for 144 hours. 
144 hours.
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Figure S9. Comparison of mean haemolymph salinity (n=3, ±SE) for Paratya 
australiensis exposed to constant salinities of 15, 20 and 25 g/L. Salinity is measured as 
osmolality (mmol/kg). 
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Table S1. Haemolymph and aquarium salinity when Paratya australiensis exposed to 
constant salinities of 15, 20 and 25 g/L. Salinity is measured as osmolality (mmol/kg) 
 
Table S2. Haemolymph and aquarium salinity when Paratya australiensis is exposed to a 
step increase then sudden decrease in salinity. Salinity is measured as osmolality 
(mmol/kg). Data are means ±SE, n=3 for treatments, n=2 for control 
    Paratya australiensis Aquarium 
Treatment 
Time 
(hours) 
Mean    
(±SE) 
Range 
Mean   
(±SD) 
Range 
Control 48 307 (±20.2) 287-327 12 (±1.3) 11-14 
 
96 312 (±0.30) 311-312 7 (±1.2) 6-8 
 
144 326 (±10.3) 315-336 13 (±0.2) 13 
T1 48 440 (±11.1) 425-461 386 (±1.3) 384-388 
 
96 631 (±7.23) 617-641 639 (±0.2) 639 
 
144 333 (±3.06) 327-337 17 (±0.5) 16-18 
T2 48 413 (±12.0) 389-426 387 (±2.2) 383-391 
 
96 731 (±14.4) 709-758 761 (±1.7) 760-763 
  144 330 (±11.2) 310-349 19 (±2.1)  17-21 
 
Treatment   1 hour 24 hours 48 hours 72 hours 96 hours 
Control Haemolymph Mean (±SE) 380 (±4) 347 (±4) 369 (±11) 354 (±6) 371 (±9) 
  
Range 356-397 321-365 365-419 329-380 329-394 
 
Aquarium Mean (±SD) 11 (±2) 5 (±5) 7 (±6) 13 (±1) 14 (±3) 
15 g/L Haemolymph Mean (±SE) 452 (±5) 465 (±2) 470 (±2) 495 (±2) 483 (±1) 
  
Range 398-699 505-532 425-507 443-553 471-511 
 
Aquarium Mean (±SD) 377 (±3) 382 (±5) 386 (±4) 397 (±5) 369 (±11) 
20 g/L Haemolymph Mean (±SE) 455 (±11) 542 (±1) 563 (±1) 572 (±2) 563 (±2) 
  
Range 404-517 510-584 525-593 542-632 496-642 
 
Aquarium Mean (±SD) 511 (±3) 513 (±5) 518 (±3) 528 (±4) 518 (±4) 
25 g/L Haemolymph Mean (±SE) 517 (±4) 650 (±1) 676 (±1) 691 (±1) 668 (±2) 
  
Range 429-621 606-679 646-714 668-728 638-721 
 
Aquarium Mean (±SD) 631 (±3) 642 (±3) 644 (±3) 652 (±4) 640 (±5) 
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Chapter 5 
The mayfly nymph Austrophlebioides pusillus Harker  
defies common osmoregulatory assumptions 
 
This chapter presents evidence that our mechanistic understanding of salt toxicity is limited. 
 
This paper will be submitted to the peer reviewed journal Plos Biology for publication 
consideration as a short communication: Dowse, R., Palmer, CG., Hills, K., Torpy, F., and 
Kefford, BJ. The mayfly nymph Austrophlebioides pusillus Harker defies common 
osmoregulatory assumptions.  
Author contributions: Experimental design, laboratory set up, field collection of 
macroinvertebrates, experimental work, statistical analyses and writing of this chapter was 
undertaken by R. Dowse. Funding from CG. Palmer and BJ. Kefford supported this research. 
CG. Palmer and BJ. Kefford contributed to the design of this study; however the final 
experimental design was undertaken by R. Dowse. K. Hills assisted in the field and the 
laboratory during experiments. F. Torpy provided a second opinion on the original statistical 
analyses, and valuable editing of early drafts. Recommendations and editing from co-authors 
improved this chapter. 
 
Abstract 
Osmoregulation is a key physiological function and critical for homeostasis. The 
osmoregulatory capacity of aquatic animals places limits on the salinity range they can 
inhabit. The physiological basics of osmoregulation are thought to be well established. The 
relationship between osmoregulation and mortality was investigated in a series of 
experiments exposing the freshwater mayfly nymph Austrophlebioides pusillus 
(Ephemeroptera) to increasing salinities. A. pusillus nymphs were salt sensitive, having a 
modeled 96 hour LC10, LC50 and LC99 of 2.4, 4.8 and 10 g/L, respectively. They were strong 
osmoregulators. At aquarium water osmolality of 256 mmol/kg, ±SE 3.12 (equivalent to 10 
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g/L added synthetic marine salt), the haemolymph osmolality of A. pusillus was a much 
higher 401mmol/kg, ±SE 4.18. The osmoregulatory capacity of A. pusillus did not break 
down, even at the salinity corresponding to their LC99, thus their mortality at this 
concentration is due to factors other than external salinity directly. No freshwater 
invertebrate has been previously reported as suffering mortality from rises in salinity that are 
well below the iso-osmotic point. This research challenges the extent of current 
understanding of the relationship between osmoregulation and mortality.  Recently a number 
of studies have reported reduced abundance or richness of Ephemeroptera with slightly 
elevated salinity. Given that salinisation is an increasing global threat to freshwaters, there 
is an urgent need for studies into the osmo-physiology of the Ephemeroptera to determine if 
their loss at locations with slightly elevated salinity is a direct result of external salinity, or 
other, possibly physiological, causes. 
Keywords: EPT, freshwater salinisation, ionic regulation, Leptophlebiidae, major ions, 
osmolality. 
 
Introduction 
Freshwater invertebrates have internal salinity concentrations higher than the environment in 
which they live, and so have to cope with two main osmoregulatory challenges. Firstly, large 
volumes of water enter the body via osmosis. Secondly, they need to acquire specific ions at 
concentrations that support metabolic activity from a dilute environment. Osmoregulation is 
the active control of intra- and extra- cellular ionic concentrations and volume. It is critical to 
homeostasis (Williams and Feltman, 1992, Bradley, 2009) and the osmoregulatory capacity 
of aquatic animals places limits on the salinity range they can inhabit (Macan, 1961). The 
basics of osmoregulation are thought to be among the best understood physiological 
processes (see Knox, 2007, Campbell and Reece, 2012).  
Aquatic animals are either osmoconformers or osmoregulators. Osmoconforming is easily 
defined; internal osmotic pressure fluctuates with the external environment, so that both are 
close to equal. Animals that osmoconform across all osmotic pressures do not occur in 
freshwater because the external environment is too dilute (Hart et al., 1991). Osmoregulators 
actively regulate their internal media at a constant osmotic pressure that is different to that of 
their external environment. However, there are various complexities to osmoregulation. 
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Freshwater osmoregulators maintain internal media at a higher osmotic pressure than their 
external salinity (Williams and Feltman, 1992). When freshwater osmoregulators are exposed 
to increasing salinity they continue to regulate their internal media. If the external osmotic 
pressure rises to such an extent that internal and external osmotic pressures are equal, this is 
termed the iso-osmotic point. Past this point freshwater animals either continue to regulate 
their internal media at the same osmotic pressure (which will now be less than the external 
environment) or osmoregulation breaks down (Williams and Feltman 1992), and they start to 
osmoconform. Freshwater animals that osmoconform at salinities above the iso-osmotic point 
must tolerate the increased salinity, or die (Wigglesworth, 1965, Hart et al., 1991, Cañedo-
Argüelles et al., 2013). 
Critically, at external salinities below the iso-osmotic point, freshwater animals should not 
suffer adverse effects from increasing salinity because they need to spend less energy on ion 
regulation.  Studies have found increased growth and/or reproduction of freshwater 
invertebrates (Kefford and Nugegoda, 2005, Kefford and Zalizniak, 2006) and fish (Boeuf 
and Payan, 2001) at intermediate salinities, presumably due to relatively high osmoregulation 
costs at low salinities. So osmoregulatory theory would suggest, and the published literature 
concurs, that freshwater animals should not suffer from an increased external salinity that is 
below their iso-osmotic point. 
Here we report the findings of a series of experiments to link osmoregulation and mortality in 
the freshwater mayfly nymph Austrophlebioides pusillus Harker (Ephemeroptera: 
Leptophlebiidae) where findings contrast with the theory described above. 
 
Methods 
Field collection, acclimation, and general experimental conditions 
A. pusillus nymphs were collected from the Hunter River at Moonan Flat, New South Wales 
(NSW), Australia (S31° 55.529 E151° 14.235). Mean salinity (measured as electrical 
conductivity, EC, mS/cm @ 25 °C) was 0.211 mS/cm (±0.085 SD), range 0.123 – 0.314 
mS/cm, n=5). In the laboratory, nymphs were randomly allocated to aquaria containing 3 L of 
aerated copper free water (Sydney tap water treated through activated carbon filtration, and 
filtered through a 1 µm sediment filter and UV filter) and were acclimated to 17°C in a 
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temperature controlled test room for three days. A. pusillus with wing buds were excluded 
from all tests. A. pusillus were fed crumbled fish flakes up to 24 hours prior to 
experimentation, but were not fed during the experiments. Throughout acclimation and 
during all experiments, aquaria were checked daily for emergence and mortality. Exuviae and 
dead nymphs were removed. Aquaria were covered to reduce evaporation. Three series of 
experiments were conducted, exposing A. pusillus to increasing concentrations of synthetic 
marine salt (SMS) (Ocean Nature, Aquasonic, Wauchope, NSW) as the most common inland 
saline waters in Australia have ionic proportions similar to sea water (Herczeg et al., 2001). 
 
Series 1 - mortality 
To establish the relationship between salinity and mortality in A. pusillus we conducted three 
standard 96 hour toxicity bioassays where mortality was the response variable and where A. 
pusillus were directly transferred from the acclimation water to experimental waters (direct 
transfer). Nymphs were collected over two seasons during March (autumn), September and 
October (spring). In each of these experiments the nymphs were exposed to ten salinity 
treatments, ranging from 0.001 g/L to 20 g/L of added SMS (EC = 0.200 to 28.4 mS/cm), and 
control treatments with no added SMS. Depending on the seasonal abundance of the field 
collected nymphs, these experiments used a minimum of 17 and a maximum of 70 A. pusillus 
per aquarium, with a total of 1278 A. pusillus used in all experiments. One aquarium was 
used per treatment and two for the control within each run, with replication provided by 
repeating the experiment three times. Results of the three experiments were pooled to 
produce a single dose-response curve. These experiments provided baseline constant salinity 
dose-response data, and concentrations for subsequent experiments were estimated from this 
dataset.  
 
Series 2 - osmoregulation and direct transfer 
The next experiment involved directly transferring A. pusillus  to aquaria containing 1, 2 and 
4 g/L added SMS, chosen because 10% (2 g/L) and 50% (4 g/L) of the population incurred 
mortality over 96 hours in the Series 1 mortality test. We were also interested in whether or 
not osmoregulation was affected by lower salinity levels (1 g/L). Nymphs were collected 
during January (summer). For each treatment there were three replicate aquaria each 
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containing 100 individual A. pusillus nymphs. As a procedural control, A. pusillus were also 
transferred to a replicated control treatment with no added SMS (n=2 aquaria). Osmolality of 
the aquarium water and the haemolymph of A. pusillus were measured. The total number of 
A. pusillus initially allocated to aquaria was 1100, and haemolymph osmolality measurements 
were obtained using 639 individuals.  
 
Measuring osmolality 
Osmotic pressure was measured as osmolality (mmol/kg) using a Vapro 5520 vapour 
pressure osmometer equipped with a low volume (2 µL) sample chamber (Wescor, Utah, 
USA). Osmolality is an expression of the total number of solute particles dissolved in 1 kg of 
solvent. The osmolality of the external water (hereafter aquarium osmolality) was measured 
three times per replicate aquarium per exposure period. At each exposure period five replicate 
haemolymph osmolality measurements were taken for A. pusillus per treatment. On average 
two individual A. pusillus were required to obtain sufficient volume (2 µL) for a measure of 
haemolymph osmolality. To extract haemolyph, A. pusillus were placed in a plastic weighing 
tray on ice, to depress rapid movement. Immediately prior to haemolymph extraction, 
nymphs were quickly dipped in deionised water to remove any external salt, and allowed to 
move around on lint-free tissue to dry. Individual nymphs were then enclosed in Parafilm 
(Pechiney Plastic Packaging, Chicago, Illinois, USA) with pre-punched filter paper 
(Whatman #1) placed under the middle of the abdominal segments. A thin needle was used to 
puncture an abdominal segment above the filter paper. Pressure was applied along the side of 
the nymph to encourage haemolymph bleeding onto the filter paper. Haemolymph osmolality 
was measured only on surviving nymphs. 
 
Series 3 – osmoregulation, mortality, and a ramp increase in salinity 
Mortality and osmoregulatory effects from gradually increasing salinity (a ‘ramp’ increase) 
over 72 hours were compared to direct transfer effects. The experiment consisted of control 
and a treatment both replicated three times. Salinity in treatment aquaria was gradually 
increased from 0 to 10 g/L SMS over 72 hours, and then maintained at this concentration for 
a further 48 hours. Salinity was gradually increased using a peristaltic pump to pump in saline 
water; the water exchange rate was calculated using formula number 3 from (Kraul et al., 
142 
 
1985). Water was homogenized within the aquaria by situating the incoming saline water line 
next to the aeration output.  A data logger was used to record EC every 10 minutes. Each 
replicate aquarium contained 111± 3 A. pusillus. 
Statistical analysis 
The dose-response curve generated from the Series 1 experiments was analysed using logistic 
regression (SPSS Statistics 17.0) to estimate the concentrations lethal to 10, 50 and 99% of 
the population (LC10, LC50, LC99). For Series 2 experiments 2 factor analysis of variance 
(ANOVA) was used to compare treatments (SPSS Statistics 17.0) using the data variables 
haemolymph osmolality, treatment and time. Where there were significant interactions, 
multiple comparisons were done within levels of a factor using Tukey Simultaneous Tests 
(Minitab15).  
 
Results 
Series 1 - mortality 
The results from Series 1 are shown in Figure 5.1 (96 hour dose-response curve) and Table 
5.1 (modeled lethal concentrations). 
 
Figure 5.1 Dose-response curve for the mayfly nymph Austrophlebioides pusillus 
exposed to increasing salinity for 96 hours. 
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Table 5.1 Modeled salinity concentrations (95% confidence limits) lethal to the mayfly 
nymph Austrophlebioides pusillus (LCx). Salinity given as g/L 
Time LC99 LC50 LC10 
72 hour 12 (11-14) 6.5 (5.8 - 7.2) 3.2 (2.2 - 3.9) 
96 hour 10 (8.6 - 12) 4.8 (4.2 - 5.5) 2.4 (1.4 - 3.1) 
 
Series 2 - osmoregulation and direct transfer 
A. pusillus directly transferred to 4 g/L maintained haemolyph osmotic pressure within the 
control treatment range (Table 5.2), despite this salinity leading to 52 % mortality (Figure 
5.1). After 96 hours exposure, mean haemolymph osmolality of control A. pusillus was 326 
mmol/kg (±SE 0.80), with a corresponding aquarium osmolality of 11 mmol/kg (±SE 1.3). At 
the same exposure period, haemolymph osmolality of A. pusillus in 4 g/L was 312 mmol/kg 
(±SE 6.48) (Figure 5.2), despite the aquarium osmolality of 4 g/L being almost an order of 
magnitude higher than that of the control (104 mmol/kg, ±SE 2.23). 
 
Table 5.2 Haemolymph and aquaria osmolality (mmol/kg) and salinity (measured as 
electrical conductivity, EC, mS/cm @ 25°C) pooled for all exposure periods, during 
direct transfer experiments exposing Austrophlebioides pusillus to elevated salinity 
    Control (n=2) 1 g/L (n=3) 2 g/L (n=3) 4 g/L (n=3) 
Haemolymph Mean (±SE) 316 (±6.91) 330 (±6.28) 330 (±6.21) 323 (±7.53) 
 
Range 298 – 357 284 – 378 297 - 364 293 - 385 
Aquaria Mean (±SE) 8.5 (±1.0) 29 (±0.9) 54 (±1.0) 104 (±0.712) 
 Range 1 - 12 24 - 36 49 - 62 101 - 111 
EC Mean (±SD) 0.26 (±0.002) 1.90 (±0.032) 3.42 (±0.053) 6.40 (±0.121) 
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Figure 5.2 Comparison of mean osmoregulation (measured as osmolality, ±SE) of the 
mayfly nymph Austrophlebioides pusillus at 96 hours exposure to control and 4 g/L 
constant salinity treatment. 
 
The range of haemolymph osmolality was similar across all treatments including the control 
(Table 5.2, Figure 5.3), and there were no detectable differences when the haemolymph 
osmolality was pooled by treatment across all time points (p=0.396). There was a statistically 
significant interaction between time and treatment (p=0.002). However, out of a total of 190 
multiple (pairwise) comparisons only 8 were statistically different, and there were no 
consistent patterns between time and treatment. Importantly, despite this interaction, 
haemolymph osmolality was always much greater than aquarium osmolality (see Table 5.2, 
Figure 5.4). 
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Figure 5.3 Osmoregulation of the mayfly nymph Austrophlebioides pusillus at constant 
salinities of 1, 2 and 4 g/L. Salinity is measured as osmolality. Box = 25
th
 to 75
th
 
percentile. Whiskers = minimum and maximum values. Central line = median. Dot = 
outlier. 
 
146 
 
 
Figure 5.4 Temporal variability in mean haemolymph osmolality (±SE, n=3) of the 
mayfly nymph Austrophlebioides pusillus at constant salinities of 1, 2 and 4 g/L.  
 
Series 3 – osmoregulation, mortality, and a ramp increase in salinity 
When salinity was ramped up to 10 g/L over a period of 72 hours, mortality was halved (42% 
mortality) compared to mortality in the Series 1 experiments (86% mortality at 10 g/L after 
72 hours) (Figure 5.5). However when 10 g/L was maintained (after the completion of the 
ramp increase), mortality increased to 81% after a further 24 hours, and 100% after 120 hours 
(Figure 5.5).  
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Figure 5.5 Comparison of mortality for Austrophlebioides pusillus under direct transfer 
(Series 1) and ramp increase (Series 3) salinity exposures. Series 1=A. pusillus in 
aquarium salinity of 10 g/L. Series 3= A. pusillus as aquarium salinity is gradually 
increased to 10 g/L over a 72 hour period and maintained at this concentration for a 
further 48 hours. Data are means ±SE, n=3. 
 
A. pusillus exposed to a ramp increase in salinity maintained similar haemolymph osmolality 
to that of the control animals (Figure 5.6). At 72 hours exposure to a ramp increase in salinity 
mean haemolymph osmolality was 413 mmol/kg (±SE 14.1, n=3) while the mean aquaria 
salinity was 248 mmol/kg (±SE 3.02, n=3). The corresponding mean haemolymph osmolality 
for the control was similar (390 mmol/kg ±SE 17.7, n=3) despite the much lower osmolality 
of the control water (9.33 mmol/kg ±SE 0.33, n=3). Results after salinity was maintained at 
10 g/L for 24 hours were similar to those at the completion of the ramp: A. pusillus was 
strongly osmoregulating with the aquarium osmolality at 10 g/L (256 mmol/kg ±SE 3.12, 
n=3), which was still much lower than the haemolymph osmolality of A. pusillus in this 
treatment (401 mmol/kg ±SE 4.18, n=3). No A. pusillus survived 48 hours after the ramp at 
10g/L. 
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Figure 5.6 Comparison of mean osmoregulation (measured as osmolality, ±SE, n=3) for 
Austrophlebioides pusillus under control conditions and as aquarium salinity is 
gradually increased to 10 g/L over a 72 hour period and maintained at this 
concentration for a further 24 hours.  
 
Discussion 
Ephemeroptera are typically known for their salinity sensitivity under laboratory conditions 
relative to other stream macroinvertebrates, including acute and chronic exposures to 
artificial sea water (Kefford et al., 2003, Hassell et al., 2006), and exposures to other salts 
(Palmer et al., 2004). The 72 hour LC50 of 6.5 g/L obtained for A. pusillus in this study 
corresponds to the only other 72 hour LC50 for Austrophlebioides spp.: 6.9 g/L (Dunlop et al., 
2008). Furthermore, recently field studies have shown loss of Ephemeropteran or  combined 
Ephemeroptera, Plecoptera and Trichoptera (EPT taxa) richness or abundance at surprisingly 
low salinities, ranging from 0.1 to 0.7 g/L or 0.149 to 0.997 mS/cm (Pond, 2010, Kefford et 
al., 2011, USEPA., 2011). While these field studies did not measure haemolymph osmolality, 
the haemolymph of aquatic insects is in the range of 250 to 400 mmol/kg (Harrison et al., 
2012) which exceeds 10 g/L, with an ionic composition similar to sea water. So, this 
osmolality is much higher than the salinity at which the aforementioned studies report losses 
of Ephemeroptera or EPT taxa. 
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Salinity induced mortality in A. pusillus nymphs was not related to a breakdown in 
osmoregulatory capacity. A. pusillus were able to osmoregulate in salinities that were 
associated with near complete population mortality. They are strong regulators and it is clear 
that there is no increase in haemolymph osmolality relative to increases in aquaria osmolality. 
There were some minor but statistically significant interactions between haemolymph 
osmolality and exposure time. However, these were consistent with a Type 1 error. The 
temporal variability in haemolymph osmolality seen in some treatments was minimal, and 
showed no evidence for a breakdown in osmoregulation with the changes in internal 
osmolality not mirroring changes in the external environment (Figure 5.4).  
The biological relevance of the statistically significant interaction between treatment and 
exposure period is negated by the fact that this species could not withstand environmental 
salinities nearing internal osmolality. The haemolymph osmolality of A. pusillus was always 
higher than (or hyperosmotic to) aquarium osmolality and we made no observations of 
haemolymph osmolality which suggested that osmoregulation had ceased; even at 10 g/L (the 
96 hour LC99) the osmolality of the aquarium was still less than that of the haemolymph. This 
leads us to conclude that a breakdown in osmoregulatory capacity resulting from high salinity 
is not the reason for mortality in the nymphs of A. pusillus. This is surprising because 
mortality and osmoregulatory breakdown have been clearly linked, and causality is regarded 
as a long standing principle, and in no other species has substantial salinity induced mortality 
been observed well below the iso-osmotic point. For example, the plecopteran Paragnetina 
media incurred no mortality and osmoregulated up to the iso-osmotic point (297 mmol/L), 
incurring high mortality beyond this point (Kapoor, 1979). At high mortality salinities, 
haemolymph salinity was again only slightly hyperosmotic to the medium. Likewise for the 
(salinity tolerant) ephemeropteran, Hexagenia limbata, osmolality increased with increasing 
salinity up to the iso-osmotic point (8 g/L) (Chadwick et al., 2002). H. limbata lost the ability 
to osmoregulate, began to osmoconform and died under the increasing salinity exposures. 
Although a breakdown in osmoregulation was evident for all of the above species, H. limbata 
was the only species where the true isotonicity occurred.  
Generally, haemolymph osmotic pressure increases with increasing external salinity, but 
remains slightly hyperosmotic to the external salinity (Ramsay, 1950, Sutcliffe, 1961b). 
However, there are differences in osmoregulatory strategies among freshwater insects. For 
example, Wigglesworth (1938) (Wigglesworth, 1938) showed stages of osmoregulation 
breakdown for two freshwater mosquitoes, Aedes aegypti and Culex pipiens (Diptera). For 
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both of these species osmotic pressure remained constant up to a threshold at which 
osmoregulation broke down, and the animals began to osmocomform (although their 
haemolymph always remained slightly hypertonic to the medium). At higher salinity 
concentrations haemolymph chloride levels rose, and the nymph died.  Likewise, in the 
nymph Sialis lutaria (Megaloptera) there was no change in haemolymph osmotic pressure, 
rather osmoregulation was affected by increasing salinity via an increase in haemolymph 
chloride levels (Beadle and Shaw, 1950). Investigations on seven species of Dipteran nymph 
found diversity in ion regulation between species, and evidence of phenotypic plasticity and 
differences in ion uptake within different populations of the same species at extremely low 
salinities (e.g. 6 to 8 mmol/L NaCl) (Patrick et al., 2002b, Patrick et al., 2002a).  
Below the iso-osmotic point, osmoregulatory theory suggests that freshwater animals should 
not be disadvantaged by increased salinity. Indeed, they may be at an advantage because they 
need to spend less energy on osmoregulation (Boeuf and Payan, 2001, Kefford and 
Nugegoda, 2005, Kefford and Zalizniak, 2006). Patrick et al. (2002b), however, found that 
Aedes aegypti, a strongly osmoregulating freshwater mosquito, maintained constant uptake of 
Na
+
 and Cl
-
 over some of the salinity range. They suggested that this would be a result of 
high influx and efflux of the external medium, and therefore this could be energetically costly 
in mediums of increasing salinity (but below the iso-osmotic point). Irrespective of 
differences in osmoregulatory strategies and theories on energy expenditure, no freshwater 
invertebrate has been previously reported to suffer mortality from rises in salinity well below 
the iso-osmotic point. 
The osmoregulation of crustaceans and dipterans, both of which are generally salinity tolerant 
orders relative to EPT, has been extensively studied. Studies on the osmoregulation of 
salinity sensitive taxa, such as EPT, are much rarer. Furthermore, species with high 
haemolymph osmolality tend also to be the species that can adapt to elevated salinity (Hart et 
al., 1991). In the current study, the haemolymph osmolality of A. pusillus exceeded the upper 
range of 400 mmol/kg reported for freshwater insects by (Harrison et al., 2012), but we show 
this species to be very salt sensitive: 72 hour LC50 of 6.5 g/L compared to a mean 72 hour 
LC50 of 38 g/L, n=377 species (Kefford et al., 2012). We do not know whether the 
osmoregulatory-mortality response of A. pusillus is common in other species. Given the rarity 
of studies of EPT species the possibility of such a response occurring in other such species 
cannot be excluded. 
151 
 
Anthropogenic or secondary salinisation of freshwaters results from a range of sources 
including agriculture, mining, and from climate change, and is a growing concern throughout 
the world (Cañedo-Argüelles et al., 2013), and EPT appear to be particularly at risk from 
salinisation. Although there is scant information on their osmoregulation, consideration of the 
salinity at which their richness or abundance declines: cf 0.1-0.7 g/L (Pond, 2010, Kefford et 
al., 2011, USEPA., 2011) in the field suggests that they are highly likely declining below 
their likely iso-osmotic point. To establish whether these population declines in the field are 
the directly caused by salinity, there is an urgent need for further studies on the 
osmoregulation of other apparently salt sensitive EPT species.  
 
Conclusion 
Salinity causes mortality in the mayfly A. pusillus, but a breakdown in osmoregulation does 
not precede death. Furthermore, mortality of 99% of the population occurred at an external 
salinity which was considerably less than the haemolymph osmolality. Although research has 
demonstrated a diversity of osmoregulatory responses to increasing salinity, the results of our 
study challenge the extent of our understanding of the relationship between osmoregulation 
and mortality in freshwater invertebrates.  
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Chapter 6 
Conclusion 
 
Review of work done and contributions made 
 
Contributions made to key knowledge gaps concerning salinisation and freshwater biota 
Salinsation is a common, and increasingly threatening environmental stressor 
to freshwater ecosystems. In order to protect aquatic ecosystems we need to know the 
responses of as many taxa as possible to as many water quality variables, and combinations 
of variables as possible. In addition it would be useful to provide empirical experimental data 
that take environmental realism into account. This thesis began (in chapter 2) with a literature 
review of salt toxicity that revealed several knowledge gaps and research needs:  
1. Salinity sensitivity data is needed for more species so that species sensitivity 
distributions will derive more accurate and relevant protective concentration 
estimates. 
2. Recognition that "salinity" is not a single stressor but rather a multivariate stressor 
because "salts" comprise a wide variety of ions in combination. There is a lack of data 
on the effects of salinities of varying ionic compositions on freshwater 
macroinvertebrates (exceptions being Mount et al., 1997, Palmer et al., 2004), and 
how salinity combined with other factors and/or stressors affects freshwater 
macroinvertebrate.  
3. There is some, but relatively little attention paid to environmental realism, for 
example, the effects of complex effluents, mesocosm experiments, 
artificial stream with exposures in flowing water, and the effects of temporally 
varying salinity in freshwater environments. 
4. There is even less attention paid to the underlying physiological responses of salinity 
sensitive freshwater animals to salinity as a stressor. This is important because key 
physiological processes, such as osmoregulation, are vital for homeostasis in aquatic 
animals. 
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In this thesis each of these knowledge gaps were addressed.  In each case, there were 
limitations to the knowledge gains made. However in addressing the knowledge gaps, further 
questions were raised, thus providing opportunities to build on this work. 
 
Risk assessment 
In the early days of freshwater quality guideline development in Australia salinity was 
considered a natural phenomenon and protective guidelines (ANZECC., 1992) simply 
specified a percentage deviation from "the natural". Currently, the most common approach to 
salinity risk assessment and salinity water quality guideline derivation in Australia  
(ANZECC. and ARMCANZ., 2000, Muschal, 2006) and elsewhere (USEPA., 1998, Palmer 
et al., 2004, CCME., 2007), is to use species sensitivity distributions. There are various 
opinions on what data and how much data should be used to compile SSDs (Warne, 2001, 
Kefford et al., 2005b, Morton et al., 2008, Kefford et al., 2012), but there have been no 
comparisons of the possible trade-offs between data quantity and data quality in salinity risk 
assessment (Hickey et al., 2008 being a partial exception). Chapter 2 of this thesis 
investigated what data should be included in salinity risk assessment, and what happens 
when rules for data inclusion (Warne, 2001) are relaxed so that SSDs can be more 
reflective of real communities. 
Data quality control protocols (such as ANZECC. and ARMCANZ., 2000) do not allow the 
use of censored data to populate SSDs, however at least for salinity, there is not enough 
chronic and/or sub-lethal data to meet the minimum data requirements for generating reliable 
estimates of protective concentrations. Furthermore, even ignoring the minimum data 
requirements, the set of species with chronic data is generally not representative of any 
known ecological community. Therefore currently, the practicality of such data quality 
control protocols is hindered by the quality and quantity of available sensitivity data. In 
chapter 2, we recommend the inclusion of right censored data to complement small, non-
censored datasets to help meet (and exceed) minimum data requirements for the generation of 
reliable protective concentrations, and to ensure that the set of tested species is more 
representative of real ecological communities than is currently generally the case. The use of 
right censored data is recommended because ecological harm can-not arise from the 
inclusion of such data. To date, right censored data is only conditionally acceptable for one 
of the water quality guidelines protocols reviewed in this chapter (CCME., 2007). 
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The SSD approach assumes that the taxa with sensitivity data are representative of the aquatic 
community for which the risk assessment is being undertaken. With the current paucity of 
data conventionally regarded as high quality, and as such the derivation of water quality 
guidelines from small datasets, it is unlikely that such small datasets will reflect the structure 
of a natural community. In fact, we show (chapter 2) that with a decrease in dataset size, 
there is a decrease in community representativeness. Further research into how to use 
data in a SSD will further improve risk assessment methods.    
 
A lack of sensitivity data for salinity risk assessment, as identified in chapter 2, was 
addressed in chapter 3. Chapter 3 contributes empirical data on the relative toxicity of 
specific salt compounds, including selected chronic and sub-lethal data. In the late 1990’s and 
early 2000’s in South Africa it became clear that while freshwater salinisation could exceed 
the 15%  deviation from the natural, there were concentrations below sea water that were 
toxic to a range of freshwater organisms (Carolyn Palmer, pers. comm.).  It also became clear 
that "salt is not salt is not salt", in that varying ions are differentially toxic, as are salts in 
solution and salt mixtures (Mount et al., 1997, Palmer et al., 2003). Despite this, most salinity 
sensitivity studies assume toxicity to one particular salt. 
 
In Australia, salinity related research has concentrated on the toxicity of salts with ionic 
proportions similar to sea water using synthetic marine salts because the most common inland 
saline waters in Australia have ionic proportions similar to sea water (Herczeg et al., 2001), 
but it has been shown that sensitivity data using SMS may underestimate toxicity when saline 
waters are dominated by ions differing to that of sea water (Kefford et al., 2005a). Chapter 3 
confirms differential toxicity between (in least to greatest toxicity) SMS, calcium chloride, 
and sodium chloride, however there was disparity between the ranking of toxicities found 
here and others reported in literature. This disparity supports the value of undertaking 
whole effluent toxicity tests for the salinity risk assessment of saline wastewaters.  
 
A more real ecological experience of salinisation 
Despite the fact that salinity does flux in lotic freshwater systems, there are very few studies 
investigating the effects of temporally varying salinity on freshwater macroinvertebrates. 
This has been identified as an area requiring research. Chapters 4 and 5 contribute empirical 
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data comparing species responses (mortality and osmoregulation) under different salinity 
scenarios, and monitoring of responses on return to ambient waters. The data presented here 
is early novel work, indicating a new consideration in ‘environmental realism’ for salinity 
ecotoxicologial research. 
A gradual increase in salinity over 72 hours (or ramp increase in salinity) resulted in reduced 
mortality for both P. australiensis and A. pusillus, relative to a direct transfer exposure. 
Under a direct transfer after 72 hours P. australiensis had incurred 100% mortality in 35g/L. 
When salinity was ramped up to 35 g/L over 72 hours the P. australiensis population incurred 
only 12% mortality. A. pusillus incurred 86% mortality over 72 hours exposure when directly 
transferred to 10 g/L. This was reduced to 42% when salinity was ramped up to 10 g/L over 
the same exposure period. However these taxa had different responses when high salinities 
were maintained for a longer period. After a further 24 hours exposure to their respective 
high salinities, mortality for P. australiensis rose to 24%, but A. pusillus suffered 81% 
mortality. This shows that P. australiensis are better able to acclimate to a gradual 
increase in high salinities, but that A. pusillus are affected by high salinity, even when 
salt is gradually introduced into the system. 
Paratya australiensis were exposed to a step increase in salinity, which resulted in a decrease 
in mortality relative to a direct transfer exposure. Further, after both a ramp and a step 
increase in salinity, P. australiensis were returned to control water and monitored for latent 
mortality effects, which occurred under both of these temporarily varying salinity regimes. 
Such latent effects are not currently considered in salinity risk assessment, and are not 
incorporated into current water quality guideline derivation protocols. This means that 
current acute studies may underestimate the effect of salinity.  
Further research on the causes of latent mortality in P. australiensis is needed so that salinity 
risk assessment can take into account how salinity affects organisms in nature. Research into 
possible latent effects on other freshwater macroinvertebrates is also required. Once more 
data is available, latent effects should be incorporated into the derivation of water quality 
guidelines for salinity, perhaps by incorporating a recovery interval in new standard bioassay 
protocols? 
Environmental realism was also explored in chapter 3, where P. australiensis and 
Atalophlebia spp. were exposed to treated effluent from a wastewater treatment plant, and the 
ability of a representative salt to approximate the effects of a whole effluent was tested. In 
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this case, calcium chloride (the representative salt) underestimated toxicity from the waste 
water treatment plant effluent. This study was limited by a number of possible factors: the 
number of species tested, temperature/seasonally dependent development, insufficient 
exposure duration, and insensitivity to the measured end-point. The study could have been 
improved through analysis of the effluent before selecting a model representative salt. 
However, it did add support to the recommendation of site specific and whole effluent 
toxicity testing for salinity risk assessment. 
 
Mechanisms of salinity toxicity 
Physiological research has not kept pace with ecotoxicological research for osmoregulation 
and salinity. Past research into osmoregulation did not aim to establish the relationship 
between salinity, osmoregulation and mortality. When osmoregulation was studied it was in 
the context of physiological research. Therefore, although some patterns of osmoregulation 
are understood for marine and salinity tolerant invertebrates, we have only superficial 
comprehension of the mechanistic links between salinity, osmoregulation and effects on 
individual organisms such as mortality in freshwater invertebrates. This is especially so for 
salinity sensitive macroinvertebrates as most studies have concentrated on salt tolerant 
species. In this thesis, salinity was assumed a proximal stress on the osmoregulation of 
freshwater macroinvertebrates, however it was found not to be the case. Chapters 4 and 5 
show evidence that our mechanistic understanding of salt toxicity, that is our understanding 
of the physiology of osmoregulation, is limited. 
Chapter 5 shows that Austrophlebiodies pusillus were strong regulators, and were able to 
osmoregulate in salinities that were associated with near complete population mortality. It 
was clear that there was no increase in haemolymph salinity relative to aquaria salinity, yet 
the animals were still dying. Furthermore, mortality was occurring when the osmolality 
of the external water was well below that of the haemolymph (256 mmol/kg ±SE 3.12, 
n=3 vs. 401 mmol/kg ±SE 4.18, n=3, respectively) As such, salinity induced mortality in A. 
pusillus nymphs was not related to a breakdown in osmoregulatory capacity. This is a novel 
finding; in no other species has substantial salinity induced mortality been observed 
well below the iso-osmotic point. Furthermore, species with a high haemolymph salinity are 
expected to have a high tolerance to salinity (Bayly, 1972, Hart et al., 1991), but we show this 
not to be the case for A. pusillus. 
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This research challenges the extent of current understanding of the relationship between 
osmoregulation and mortality. It is not known whether the osmoregulatory-mortality response 
of A. pusillus is common in other species. Given the rarity of studies of into the 
osmoregulation of salinity sensitive freshwater insects, the possibility of such a response 
occurring in other such species cannot be confirmed or excluded. Therefore, there is an 
urgent need for further studies on the osmoregulation of other apparently salt sensitive 
species. 
This thesis makes the following novel and substantive contributions through: 
1. Consolidation of knowledge on species sensitivity distributions, by confirming and 
the addition of examples of differential ion and salt toxicity, and contributions of 
empirical data on chronic exposures and sublethal exposures, 
2. A substantive contribution to the understanding of temporally varying salinity 
exposures and latent toxicity, and  
3. Providing novel insights into osmoregulation – the fundamental mechanism of salt 
toxicity. 
In terms of on the ground resource protection, each of these contributions still needs to be 
translated into specific protocols in water resource management and the derivation of water 
quality guidelines for salinity. Generic guidelines using more environmentally realistic 
exposure data need to be developed that will be protective. Guidelines based on sea salt 
mixtures may be under protective when ionic proportions are different to that in sea water.  
Salinity risk assessment and water quality guideline derivation protocols need 
to compile SSDs that are more representative of the communities they aim to protect, and use 
ionic proportions of the salt source. Further research is needed to take the implications of the 
temporally varying salinity experiments and the osmoregulation information into 
management protocols. The work presented here provides a focus for this endeavour. In this 
anthropocene era of evident change in ecological patterns, and the likelihood that many areas 
in Australia will be hotter and drier over time, and given the energy and financial costs of 
reverse osmosis, clear salinity guidelines for the protection ecosystems, and clear 
recommendations of practices to reduce salinisation are pressing current ecological issues.  
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